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ABSTRACT 
Water security is essential in order to achieve sustainability. Concerns of antibiotic-
contaminated water bodies have prompted research of effective water treatment technologies. 
Researchers are particularly concerned about two commonly prescribed fluoroquinolones 
antibiotics with broad-spectrum activity and good oral absorption: levofloxacin (LEV) and 
norfloxacin (NOR). However, these drugs cannot be completely metabolized in humans or 
animals, nor can they be effectively removed using current wastewater treatment technologies 
such as activated sludge. As a result, they are discharged into the environment and become 
emerging environmental contaminants, which coexist with metals such as nickel ions in diverse 
aquatic systems. Consequently, they may threaten human health. 
Adsorption, the partitioning of a target compound between the fluid and adsorbent phase, 
is an alternative technology for pollutant removal. In this work, raw barley straw (RBS)--an 
abundantly generated agricultural byproduct mainly composed of cellulose, hemicellulose, and 
lignin--was pretreated by H3PO4 impregnation and microwave heating. This pretreated barley 
straw (PBS) was used as an adsorbent for the removal of LEV, NOR, and nickel ions, which 
are representatives of antibiotics and heavy metals, from artificial wastewater. The research 
included the following phases: 
1. Phase I: Pretreatment and characterization of adsorbents based on barley straw. PBS 
that had a high surface area (1314 ± 10 m2/g) was obtained at conditions of 5% (w/v) 
H3PO4 impregnation concentration and 9 min 700 W microwave heating. The total 
organic carbon (TOC) released into suspensions from the adsorbents significantly 
reduced from 34.4 ± 0.9 mg/g (RBS) to 0.9 ± 0.2 mg/g (PBS) indicating the enhanced 
stability of PBS. Barley straw adsorbents were characterized by particle size 
distribution, elemental compositions, scanning electron microscopy, and 
thermogravimetric analysis.  
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2. Phase II: Adsorption of LEV on PBS. PBS demonstrated high LEV adsorption 
capacities in a wide range of solution pH (2.47-9.60). The experimental maximum 
LEV adsorption capacity of PBS (408 ± 5 mg LEV/g at pH 6.88 and 298.15 K) was 
much higher than that of RBS and the reported adsorbents. The adsorption kinetics and 
equilibrium at different temperatures were investigated, and the kinetic and isotherm 
data were well-fitted by the pseudo-second-order kinetic model and Langmuir-
Freundlich model, revealing that the adsorption of LEV on PBS was an endothermic 
process. The activation energy was determined to be 45.9 kJ/mol. The desorption of 
LEV loaded on PBS was examined, and the site energy and its distribution of PBS for 
LEV adsorption were estimated. The weighted mean and standard deviation of the 
distribution were employed to depict the interaction strength between the adsorbent 
and adsorbate, and adsorption heterogeneity. The π-π electron-donor-acceptor (EDA) 
interaction between the π* aromatic C=C of PBS and the π* carbon atom in the benzene 
ring attached to fluorine of LEV was proposed as one of the major adsorption 
mechanisms. Such interaction was investigated by C K-edge X-ray absorption near-
edge structure (XANES) spectroscopy.  
3. Phase III: Adsorption of NOR on PBS. High NOR adsorption capacities of PBS were 
also obtained in a wide pH range (2.67-10.50). The experimental maximum NOR 
adsorption capacity of PBS (396 ± 14 mg NOR/g at pH 6.96 and 298.15 K) was much 
higher than that of RBS and the reported adsorbents. The adsorption kinetics and 
equilibrium with respect to temperature were evaluated using the pseudo-second-order 
kinetic model and Langmuir-Freundlich model, respectively. The adsorption of NOR 
on PBS was an endothermic processes with an activation energy of 22.2 kJ/mol. The 
desorption of NOR loaded on PBS was also examined. The adsorption site energy and 
its distribution were also determined to exhibit the adsorption mechanism. At the tested 
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temperatures of 298.15-318.15 K, the higher the temperature, the higher the weighted 
mean (therefore the stronger the adsorption affinity), and the slightly weaker the 
heterogeneity. The percentage of adsorption sites, whose site energy is greater than or 
equal to a specific E* value, was estimated. The proposed dominant forces, EDA 
interactions (n-π and π-π), were investigated by the C and O K-edge XANES 
spectroscopy.  
4. Phase IV: Adsorption of nickel on PBS and impact of nickel on LEV adsorption. The 
adsorption isotherms of nickel on PBS and RBS were well-fitted using the Langmuir-
Freundlich model. Solution pH played an important role during the nickel adsorption 
process. Results of XANES and extended X-ray absorption fine structure spectroscopy 
indicated that the adsorbed Ni remained the same oxidation state (II) as NiSO4 and was 
associated with 6 oxygen atoms from water or the functional groups of PBS (e.g., 
carboxyl group) at an atomic distance of 2.043 ± 0.013 Å. The site energy and its 
distributions of PBS and RBS for nickel adsorption were determined and demonstrated 
that the adsorption affinity between PBS and nickel was stronger than that of RBS. 
Ni(II) slightly suppressed the LEV adsorption on PBS at the tested pH values (4.0, 7.0, 
and 9.0) since the cationic Ni(II) competed with LEV for the negatively charged 
adsorption sites of PBS.  
5. Phase V: The extended application of PBS in selective water removal from water-
ethanol mixture was investigated to produce fuel grade ethanol. PBS demonstrated a 
higher water adsorption capacity (0.63 ± 0.02 mol/g) and a close water to ethanol 
adsorption ratio (4.85) compared with RBS (0.50 ± 0.01 mol/g and 5.00). Utilization 
of PBS in ethanol concentration can be optimized by a dynamic system control in order 
to achieve a higher concentration of ethanol.   
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CHAPTER 1 INTRODUCTION AND LITERATURE REVIEW 
1.1 Introduction 
1.1.1 Research Motivation 
Pharmaceuticals in water bodies and water streams have been reported globally (Luo et al. 
2014, Petrie et al. 2015). In a wide variety of pharmaceutical compounds, antibiotics have 
raised increasing worries about the potential risks to human health and ecosystems. Antibiotics 
are a cause for concern for the following reasons: 1) their extensive use, e.g., 17061 tons of 
antibiotics used in both human and veterinary medicine in the U.S. in 2011 (Food and Drug 
Administration 2012, 2013); 2) their diverse sources, e.g., waste streams originating from 
residential areas, sewage treatment plants, hospitals, and animal farms; 3) antibiotic resistance, 
e.g., exposure to a relatively low fluoroquinolone concentration (4 mg/L) in facilitating the 
evolution of fluoroquinolone-resistant Campylobacter jejuni (Gaunt and Piddock 1996); and 4) 
ineffective water treatment technologies, e.g. activated sludge (Zorita et al. 2009), biological 
degradation (Martínez-Alcalá et al. 2017), and photolytic and photocatalytic decomposition 
(Sturini et al. 2012).  
Among antibiotics, fluoroquinolones (FQs) are a class of broad-spectrum antibiotics 
commonly used in both human and veterinary medicine. Despite their effectiveness, these 
drugs cannot be completely metabolized in humans and animals, nor can they be effectively 
removed using current wastewater treatment technologies such as activated sludge. As a result, 
they are discharged into the environment and become emerging environmental contaminants. 
FQs have been detected in diverse aquatic systems. For example, the concentration of 
levofloxacin (LEV, a widely used third-generation FQ) in one of the downstream rivers close 
to a drug formulation facility in Pakistan was found to be up to 8000 ng/L (Khan et al. 2013). 
Norfloxacin (NOR, a popularly used second-generation FQ) was detected in Bohai Bay, and 
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the concentration was reported to be 6.8 µg/L (Bu et al. 2013). Furthermore, FQs can 
accumulate to a very high level in soils through the land application of fertilizers, sewage 
sludge, and wastewater irrigation (Wang and Wang 2015). 
In addition to pharmaceuticals, nickel has also been found in water bodies and streams 
(Malamis and Katsou 2013). Nickel is used in many industries, such as mineral processing, 
electroplating, production of paints and batteries, manufacturing of sulfate, and porcelain 
enameling. When nickel makes its way into wastewater, it is associated with several diseases 
(e.g., dermatitis, nausea, chronic bronchitis, gastrointestinal distress, and lung cancer) and thus 
threatens human health (Flores-Garnica et al. 2013, Sharma and Singh 2013). Furthermore, the 
discharged nickel ions may pose another health threat as they coexist with antibiotics (e.g., 
LEV and NOR) in diverse aquatic systems.  
As a branch of sustainability, water security is crucial. Water pollution and water scarcity 
are thorny issues that people face. It is obvious that the reuse of treated antibiotic/heavy metal 
containing wastewater not only benefits the environment and human health, but also greatly 
improves social and economic justice, and decreases the cost of water due to the increase in 
water supply, which is good practice of sustainability. Importantly, the research of 
sustainability in wastewater treatment has gained momentum in the past decades, which 
involves the creation of new concepts, methodologies, and approaches. An effective method 
for removing pollutants from aquatic systems has been found to be adsorption that is the 
partitioning of a compound between the fluid and solid phase. In previous research, barley 
straw--an abundantly generated agricultural byproduct mainly composed of cellulose, 
hemicellulose and lignin--has been used in the adsorption of nickel from aqueous solution, 
showing its potential for selective removal of contaminants (Ou et al. 2015, Thevannan et al. 
2010). However, the removal capacity needs to be improved, and the secondary pollution 
caused by the release of organic compounds (measured as total organic carbon, TOC) from 
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adsorbents into aqueous solution needs to be addressed. It has been reported that H3PO4 
impregnation with heating increased the percentage of acidic groups on wood’s surface and 
enhanced the porous structures favorable for adsorption (Jagtoyen and Derbyshire 1998). A 
microwave radiation method is a possible way to solve the problems of thermal gradient and 
high cost of heating preparation (Hoseinzadeh Hesas et al. 2013). 
In this work, it was hypothesized that the aforementioned issues (i.e., low adsorption 
capacity and TOC release) could be addressed through the modification of barley straw by 
H3PO4 impregnation and microwave heating, and that the pretreated barley straw (PBS) can be 
used as an adsorbent for the removal of LEV, NOR (representatives of antibiotics), and nickel 
(representative of heavy metals) from aqueous solution. 
1.1.2 Knowledge Gaps 
The following knowledge gaps were identified:  
- Raw barley straw has the potential to be an adsorbent for removing pollutants. This 
application is important so that the agricultural byproducts can be reused and 
agricultural industries can benefit. However, prior to this thesis work, no research 
results have been reported on the pretreatment of raw barley straw (RBS) and on the 
characterization of PBS, such as particle size distribution, elemental composition, 
Fourier transform infrared spectroscopy (FTIR), scanning electron microscopy (SEM), 
thermogravimetric analysis (TGA), and Brunauer-Emmett-Teller (BET) surface area.  
- Adsorption of antibiotics (e.g., LEV and NOR) using adsorbents based on barley straw 
is promising and may provide an alternate technology for removal of pharmaceutical 
pollutants. However, the corresponding adsorption kinetics, equilibrium, and site 
energy distribution (including the strength of adsorption affinity and the energetical 
heterogeneity of the adsorbents) have not been systematically investigated. 
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- Adsorption of nickel by adsorbents based on barley straw would benefit nickel 
industries. However, as noted above, the adsorption equilibrium and site energy 
distribution have not yet been investigated. 
- Adsorption of LEV by adsorbents made from barley straw or similar lignocellulosic 
biomass in the presence of Ni(II) ions that may co-exist in water is critical for a better 
understanding of the environmental fate and transport of emerging pharmaceutical 
contaminants in aquatic systems. However, this has not been previously researched. 
- Reusability of adsorbents based on barley straw is important to reduce the cost of 
material processing. RBS and PBS loaded with LEV, NOR or Ni need to be recycled. 
This work has not yet been explored. 
1.1.3 Objectives 
To address the knowledge gaps, the following objectives were created, 
1 Pretreatment and characterizations of adsorbents based on barley straw 
1.1 Develop PBS from RBS by H3PO4 impregnation and microwave heating; 
1.2 Reduce the release of organic compounds (measured as TOC) from RBS; 
1.3 Characterize the physical and chemical properties of PBS (e.g., particle size, point of 
zero net charge, elemental composition, porous structure, and functional groups). 
2 Adsorption of LEV on adsorbents based on barley straw 
2.1 Investigate the adsorption kinetics of LEV on PBS; 
2.2 Determine the adsorption isotherm of LEV on PBS;  
2.3 Desorb LEV loaded on PBS; 
2.4 Determine the adsorption site energy and its distribution of PBS for LEV adsorption; 
2.5 Explore the interactions between PBS and LEV by X-ray absorption spectroscopy. 
3 Adsorption of NOR on adsorbents based on barley straw 
3.1 Investigate the adsorption kinetics of NOR on PBS; 
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3.2 Determine the adsorption isotherm of NOR on PBS;  
3.3 Desorb NOR loaded on PBS; 
3.4 Determine the adsorption site energy and its distribution of PBS for NOR adsorption; 
3.5 Explore the interactions between PBS and NOR by X-ray absorption spectroscopy. 
4 Adsorption of nickel on adsorbents based on barley straw and impact of nickel on 
LEV adsorption 
4.1 Determine the adsorption isotherms of nickel on PBS and RBS;  
4.2 Desorb nickel loaded on PBS; 
4.3 Determine the adsorption site energy and its distributions of PBS and RBS for nickel 
adsorption; 
4.4 Explore the effect of nickel on LEV adsorption by PBS at different solution pH. 
1.2 Occurrence of Antibiotics in Aquatic Environments 
1.2.1 Fluoroquinolones  
Fluoroquinolone antibiotics (FQs) are an important class of antibiotic compounds 
commonly used in human and veterinary medicine. They inhibit key bacterial enzymes (e.g., 
DNA gyrase and topoisomerase IV) involved in unwinding the DNA helix for replication and 
transcription (Owens Jr and Ambrose 2000). However, FQs may be problematic as cannot be 
completely metabolized in humans or animals, thus are discharged into environment. A series 
of recent studies focused on their prevalence, fate, and environmental risks (Bouyarmane et al. 
2015, Gao et al. 2015, Leal et al. 2013). For example, FQs up to 0.40 mg/kg were reported in 
agricultural soil worldwide, and FQs degraded slowly in soil (half-lives > 60 d) (Gao et al. 
2015). Guangzhou and Macao of China also reported four FQs (norfloxacin, ciprofloxacin, 
lomefloxacin, and enrofloxacin) in tap water ranging from 1.0 to 679.7 ng/L (Yiruhan et al. 
2010). 
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1.2.1.1 Classification and Properties 
Flumequine was the first FQ which was patented in 1973, after that many FQs have been 
patented and used today, such as norfloxacin (1978), pefloxacin (1979), enoxacin (1980), 
fleroxacin (1981), ciprofloxacin (1981), ofloxacin (1982), and levofloxacin (1987) 
(Appelbaum and Hunter 2000). The typical molecular structure of FQs is displayed in Figure 
1.1. 
 
 
Figure 1.1 Typical molecular structure of FQs. 
 
FQs can be classified into four generations based on antimicrobial activity (Table 1.1). 
First-generation agents have moderate Gram-negative activity and minimal systemic 
distribution, which are used less often today. Second-generation FQs have expanded Gram-
negative activity and atypical pathogen coverage but limited Gram-positive activity. These 
agents are the most active against aerobic Gram-negative bacilli. Third-generation FQs, such 
as levofloxacin (LEV), achieve expanded Gram-negative and atypical intracellular activity, and 
improved Gram-positive coverage. Finally, fourth-generation agents further improve Gram-
positive coverage, maintain Gram-negative coverage, and gain anaerobic coverage (Ambrose 
et al. 1997).  
  
 Table 1.1 Comparison of FQs generation (Owens Jr and Ambrose 2000). 
FQs generations Microbiological activity Administration and characteristics Indications 
First-generation 
Nalidixic acid 
Cinoxacin 
 
Enterobacteriaceae 
 
Oral administration 
Low serum and tissue drug concentrations 
Narrow gram-negative coverage 
 
Uncomplicated urinary tract infections 
Not for use in systemic infections 
Second-generation 
Class I 
Lomefloxacin 
Norfloxacin 
Enoxacin 
 
 
Class II 
Ofloxacin 
Ciprofloxacin 
 
Enterobacteriaceae 
 
 
 
 
 
 
Enterobacteriaceae, 
atypical pathogens; 
Pseudomonas aeruginosa 
(ciprofloxacin only) 
 
Oral administration 
Low serum and tissue drug concentrations 
Improved gram-negative coverage with the 
first-generation quinolones 
Limited gram-positive coverage 
 
Oral and intravenous administration 
Higher serum, tissue and intracellular drug 
concentration compared with class I agents 
Coverage of atypical pathogens 
 
Uncomplicated urinary tract infections 
Not for use in systemic infections 
 
 
 
 
Complicated urinary tract and catheter-related 
infections 
Gastroenteritis with severe diarrhea 
Prostatitis 
Nosocomial infections 
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 Table 1.1 Continued. 
Third-generation 
Levofloxacin 
Sparfloxacin 
Gatifloxacin 
Moxifloxacin 
 
Enterobacteriaceae, 
atypical pathogens, 
streptococci 
 
Oral and intravenous administration 
Similar to class II second-generation 
quinolones but with modest streptococcal 
coverage 
Increased hepatic metabolism (sparfloxacin 
and moxifloxacin) 
 
Similar indications as for second-generation 
FQs 
Community-acquired pneumonia in 
hospitalized patients or if atypical pathogens 
are strongly suspected; in non-hospitalized 
patients with risk factors for resistant 
pneumococcal infection 
Fourth-generation 
Trovafloxacin 
 
Enterobacteriaceae, 
atypical pathogens, 
methicillin-susceptible  
 
Oral and intravenous administration 
Similar to third-generation quinolones but 
with improved gram-positive coverage and 
added anaerobic coverage 
 
Consider for treatment of intra-abdominal 
infections 
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The status of selected FQs used for respiratory infections is given in Table 1.2. Among the 
FQs, levofloxacin (LEV) is a new but already widely used broad-spectrum FQ antibiotic 
(Yamashita et al. 2006). In 2011, more than 55 tons of LEV were used in human medicine in 
the U.S., ranking second in FQs consumption (Food and Drug Administration 2012). 
Norfloxacin (1-Ethyl-6-fluoro-4-oxo-7-(1-piperazinyl)-1,4-dihydro-3-quinolinecarboxylic 
acid, NOR) is a so-called second-generation FQ, which acts by inhibiting bacterial DNA gyrase 
enzyme for DNA replication (Jia et al. 2012). In this work, LEV and NOR were chosen as the 
model antibiotics. 
 
Table 1.2 Current status of FQs used for respiratory infections (Zhanel et al. 2012). 
Fluoroquinolone Current market status (no prescriptions dispensed) 
Ciproflocaxin (NO.1) Marketed (>150 million) 
Clinafloxacin Withdrawn because of adverse effects 
Gatifloxacin Marketed (>4 million) 
Gemifloxacin Awaiting regulatory approval  
Grepafloxacin Withdrawn because of adverse effects 
Levofloxacin (NO.2) Marketed (>150 million) 
Moxifloxacin Marketed (>6 million) 
Sitafloxacin Phase III 
Trovafloxacin Use restricted because of adverse effects 
 
FQs contain amine and carboxyl groups (Figure 1.1), thus, FQs can be neutral (zwitterion), 
cationic, or anionic; also, their physicochemical and biological properties may change at 
various pH conditions. For example, LEV had two values of dissociation constant via its 
tertiary amine group (pKa2 = 8.15) and carboxyl group (pKa1 = 6.02), and it can be positively 
charged (pH < 6.02), negatively charged (pH > 8.15), or zwitterionic (pH 6.02-8.15) (Sousa et 
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al. 2012). NOR also had two values of dissociation constant: pKa2 = 8.51 and pKa1 = 6.22, and 
can be positively charged (pH < 6.22), negatively charged (pH > 8.51), or zwitterionic (pH 
6.22-8.51) (Pei et al. 2011). 
1.2.1.2 Fluoroquinolones as Pollutants 
FQs cannot be completely metabolized in humans or animals, nor can they be effectively 
removed using current wastewater treatment technologies such as activated sludge. As a result, 
FQs are discharged into the environment and become emerging environmental contaminants. 
These drugs may present a risk to human health and ecosystem, e.g., antibiotic resistance: 
exposure to a relatively low FQ concentration (4 mg/L) in facilitating the evolution of FQ-
resistant Campylobacter jejuni (Gaunt and Piddock 1996). A series of recent studies have 
focused on their prevalence, fate, and environmental risks (Bouyarmane et al. 2015, Gao et al. 
2015, Leal et al. 2013).  
Surface water plays an important role in the occurrence and spread of FQs, so development 
of strategies to improve water quality becomes a permanent necessity. Some published works 
evaluated different approaches and could be applied in assessing the potential health risks 
associated with indirect exposure to pharmaceuticals, metabolites, and degradation products in 
drinking water. The pharmaceutical industry is a big consumer of various raw materials and 
provides large amounts of residuals containing wastewaters at the same time. For example, the 
level of LEV of one of the downstream rivers close to a drug formulation facility in Pakistan 
was up to 8000 ng/L (Khan et al. 2013). At the moment, there are a lot of production units that 
do not function according to environmental regulations, and that expel the untreated 
wastewaters to the surface waters and sewage networks. According to a case study in Japan, 
the concentration of LEV presented in sources of sewage before treatment was 552 ng/L, 
though it was treated by the process of activated sludge, only 49% of LEV was removed 
(Yasojima et al. 2006). As such, LEV is discharged into the environment. In addition, due to 
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the high use of NOR and ineffective wastewater treatment technologies, NOR are also being 
discharged and detected in diverse aquatic systems. For example, the NOR concentration in 
Bohai Bay was reported to be 6.8 µg/L (Bu et al. 2013), and can accumulate to a very high 
level in soils through the land application of fertilizers, sewage sludge, and wastewater 
irrigation (Wang and Wang 2015). The occurrence of FQs may result in questions regarding 
the unknown healthy effects even in very small concentrations (Jones et al. 2001). 
As an important function of the ecosystem, degradation of polycyclic aromatic 
hydrocarbons by natural bacterial communities has been a natural remedy of pollutant 
sediments. An experimental study investigated whether exposure to the antibiotic ciprofloxacin 
affected this function of an aquatic ecosystem. The results demonstrated that degradation of 
pyrene that a parameter of this function was negatively affected by the presence of 
ciprofloxacin, and showed a clear dose-effect dependence (Näslund et al. 2008). Thus, FQs 
from industrial and medical sources dissolve in surface waters and may affect various 
environmental patterns. There is a need to effectively remove FQs from aquatic environment 
to protect water security  
Furthermore, a very unique property of FQ antibiotics in comparison to commonly studied 
hydrophobic organic contaminants is their various functional groups, such as keto and carboxyl 
groups (Gu and Karthikeyan 2005). These functional groups enabled FQs to interact with other 
chemicals such as heavy metal ions (Pan et al. 2012). Because the presence of various 
contaminants in one system is common in the environment, research on the adsorption of 
antibiotics in the presence of heavy metal ions could greatly improve the knowledge to assess 
antibiotic risks. The further discussions were given in the Section of 1.4.2.4.  
1.2.2 β-Lactams  
Different from FQ antibiotics, β-lactams are narrow-spectrum antibiotics and work as 
bacteriostatic via inhibiting the synthesis of bacterial peptidoglycan cell wall, which are highly 
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effective for the Gram-positive genera Streptococcus, Gonococcus, and Staphylococcus 
(Donowitz and Mandell 1988). The β-lactam antibiotics mainly include penicillin and 
cephalosporin antibiotics. The penicillin antibiotics were the first medication to be effective 
against bacterial infections. Although many types of bacteria have developed resistance to such 
antibiotics due to the long-term use, 1460.42 tons of penicillin antibiotics were consumed in 
human medicine in the U.S. in 2011, and penicillins still ranked first in the antibiotic 
consumption (Food and Drug Administration 2012, 2013). Among the penicillin antibiotics, 
amoxicillin, piperacillin, and penicillin V are the most commonly used. Compared with 
penicillins, cephalosporin antibiotics are derived from 7-amino-cephalosporanic acid, which 
condensed with a six-membered heterocycle. In 2011, 496.91 tons of cephalosporins were used 
in human medicine in the U.S., and such antibiotics ranked second in the antibiotic 
consumption (Food and Drug Administration 2012, 2013).  
However, β-lactams also cannot be completely metabolized by humans or animals, and are 
then discharged into the aquatic systems, such as municipal swages, rivers, streams, lakes, and 
seawater. For example, penicillin G has been detected in the raw sewage before entering a 
wastewater treatment plant (WWTP), and the concentration was determined to be 153 ± 4 μg/L 
(Li et al. 2008). Importantly, the occurrence of β-lactam antibiotics has contributed to the 
increasing serious antibiotic resistance. Uwaydah et al. studied the penicillin-resistant 
Streptococcus pneumoniae in Lebanon. Among the tested 123 clinical isolates of Streptococcus 
pneumoniae, 17 isolates have resistance at a penicillin level of 1.0 μg/L (Uwaydah et al. 2006). 
1.2.3 Sulfonamides 
Sulfonamide-containing compounds have been widely used as antibiotics in human and 
veterinary medicine due to the low cost. Such antibiotics are characterized by a sulfonyl group 
connected to an amine group, and their typical structure are displayed in Figure 1.2. 
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Sulfonamides inhibit the development of bacterial by competition with para-aminobenzoic acid 
that works for the synthesis of folic acid (Wormser and Keusch 1979). It has been reported that 
more than 10000 sulfonamide derivatives were synthesized, but only about 40 of them are used 
as antibiotics, such as sulfamethoxazole, sulfanilamide, sulfadimethoxine, N4-
acetylsulfamethazien, and sulfapyridine.  
 
 
Figure 1.2 Typical structure of sulfonamide antibiotics (Ait Lahcen and Amine 2017). 
 
In 2011, 864.77 tons of sulfonamide antibiotics have been used in the U.S. for human and 
veterinary medicine (Food and Drug Administration 2012, 2013). However, sulfonamide 
antibiotics cannot be completely metabolized by humans or animals as well, and are excreted 
via urine into water bodies and water streams. For example, sulfamethoxazole has been 
detected in the sewage influent of a WWTP in Guangzhou, China, and the concentration was 
determined to be 7.91 μg/L (Peng et al. 2006). Moreover, sulfamethoxazole was also reported 
in urban water with a concentration of 5.60 μg/L (Peng et al. 2008). The long-time exposure of 
sulfonamide antibiotics even in a low concentration could lead to a sulfonamide antibiotics 
resistance that have occurred in bacterial strains (Dmitrienko et al. 2014), which eventually 
risks human health. There is a need to remove sulfonamide antibiotics from water bodies and 
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water streams to ensure the adequately treated effluent quality for various uses and to protect 
human health. 
1.2.4 Tetracyclines 
Tetracyclines are broad-spectrum antibiotics and being used in both human and veterinary 
medicine, which act against Gam-positive and Gram-negative by binding to the 30 S ribosome 
and preventing the access of aminoacyl tRNA to the acceptor site on the mRNA-ribosome 
complex (Marzo and Dal Bo 1998). Figure 1.3 illustrates the worldwide usage of tetracycline 
antibiotics (Daghrir and Drogui 2013). Similar to the FQ antibiotics, tetracycline antibiotics 
cannot be completely metabolized by human or animals, nor can they be effectively removed 
during wastewater treatment using current technologies, and are eventually discharged in active 
form into environment. For example, Miao et al. reported the occurrence of tetracycline (0.15-
0.97 μg/L) in the final effluent from a WWTP in Canada (Miao et al. 2004). A higher residual 
concentration was also reported by Deblonde et al. in the effluent from a WWTP (Deblonde et 
al. 2011). Concerns of water resources contaminated by antibiotics (e.g., FQs, β-lactams, 
sulfonamides, and tetracyclines) have prompted research of effective and efficient water 
treatment technologies. As the newest class of antibiotics and broad-spectrum antibiotics that 
are commonly used in human and veterinary medicine, FQ antibiotics such as levofloxacin and 
norfloxacin were chosen as the target contaminants in this work. 
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Figure 1.3 Worldwide usage of tetracycline antibiotics (unit ton) (Daghrir and Drogui 2013). 
 
1.3 Treatment Technologies for Removal of Antibiotics 
Right now, there is not one specific treatment technology that can completely remove 
various antibiotics from aquatic system due to their diverse physical, chemical, and biological 
properties. In a wastewater treatment plant (WWTP), antibiotic-containing wastewater 
generally undergoes mechanical, chemical, and biological processes. The removal efficiencies 
(i.e., the ratio of the amount of antibiotic removed by a WWTP to the initial amount of 
antibiotic that entered the plant) of antibiotics by the conventional sewage treatment are far 
from satisfactory level since these plants were not designed for antibiotic-containing 
wastewater. For example, the average removal efficiency of NOR obtained from 52 wastewater 
treatment plants, which utilized a variety of removal processes such as a two activated sludge 
process with a nitrification tank, an extended aeration tank, rotating biological contactors, and 
a pure oxygen activated sludge reactor, was only 68% (Van Doorslaer et al. 2014). It has been 
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reported that membrane bioreactor systems had a slightly higher removal efficiency than 
conventional activated sludge treatment, but the construction and operating of membrane 
technologies costed more due to the expensive membrane materials. A general review of 
current treatment technologies is presented in the following subsections to compare their 
performance in removal of antibiotics. 
1.3.1 Coagulation-flocculation 
As a chemical water treatment technology, coagulation-flocculation is applied prior to 
sedimentation and filtration to remove particles and some dissolved substances. Coagulation is 
used to neutralize charges and form a gelatinous mass to trap (or bridge) particles, and 
flocculation is gentle stirring or agitation to facilitate the formation of large enough particles, 
both coagulation and flocculation are employed to promote the particles to be filtered from 
liquid phase. In the process of coagulation-flocculation, chemicals (such as lime, alum, iron 
salts, and polymers) are used, (Homem and Santos 2011). As mentioned above, such 
technology needs a subsequent treatment to remove the antibiotic contaminants in a coagulated 
form.  
Over the last decade, coagulation-flocculation was applied to remove antibiotics from 
effluent, but the removal efficiencies were low. Suarez et al. reported the removal of ibuprofen, 
diclofenac, naproxen, and sulfamethoxazole by FeCl3 and Al2(SO4)3, the corresponding 
removal efficiencies were (12.0 ± 4.8)%, (21.6 ± 19.4)%, (31.8 ± 10.2)%, and (6.0 ± 9.5)%, 
respectively (Suarez et al. 2009). The removal of fluoroquinolones, quinoxaline derivatives, 
and trimethoprim by coagulation-flocculation have also been investigated, while the removal 
efficiencies were lower than 30% (Stackelberg et al. 2007, Vieno et al. 2007). The low removal 
efficiencies of this technology have prompted research on effective and efficient water 
treatment technologies. 
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1.3.2 Biodegradation 
According to the “Glossary of Environment Statistics” by United Nations, biodegradation 
is the process by which organic substances are decomposed by micro-organisms (mainly 
aerobic bacteria) into simple substances, such as carbon dioxide, water, and ammonia (United 
Nations. Statistical Division and United Nations. Deparment for Economic Social Information 
and Policy Analysis 1997). Application of biodegradation in antibiotics-containing water 
systems has been investigated in the past decades. Most of the study results demonstrated that 
the biodegradability of antibiotics at aerobic conditions by bacteria was low. For example, the 
biodegradation of 18 antibiotics has been tested by Alexy et al. based on the guidelines of the 
Organization of the Economic Cooperation and Development (OECD) “301 D”. Only 
benzylpenicillin sodium salt (27%), amoxicillin (5%), nystatin (4%), and trimethoprim 
naphthoate (4%) were slightly degraded in 28 days, and the degradation of the rest antibiotics 
were less than 4% (Alexy et al. 2004). Pérez et al. reported relative high removal efficiencies 
of three antibiotics (sulfamethazine 50%, sulfamethoxazole 75%, and sulfathiazole 93%) at a 
low concentration level (20 μg/L) in activated sludge process after 10 days, while the pathway 
(biodegradation and/or adsorption) to remove the antibiotics was still not clear (Pérez et al. 
2005). The biodegradation of FQs (e.g., ciprofloxacin and ofloxacin) was also studied, and the 
results demonstrated that there was no reduction of ciprofloxacin and only 5% ofloxacin was 
degraded even after 40 days (Kümmerer et al. 2000). Moreover, Jia et al. also reported 
extremely low removal efficiencies (< 2%) of FQs (e.g., norfloxacin, ciprofloxacin, 
enrofloxacin, moxifloxacin, and lomefloxacin) during biodegradation in a municipal sewage 
treatment plant (Jia et al. 2012), which again demonstrated the ineffectiveness of 
biodegradation particular for FQ antibiotics. 
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1.3.3 Advanced Oxidation Processes 
Higher degradation efficiencies of antibiotics were obtained by advanced oxidation 
processes (AOPs) that can be defined as aqueous phase oxidation methods based on highly 
reactive oxygen species such as hydroxyl radicals (Fink et al. 2012). As a widely used oxidation 
agent, hydrogen peroxide is not strong enough to oxidize organic compounds such as 
antibiotics, therefore, it usually combines with other reagents, catalysts, and ultraviolet (UV) 
irradiation to induce the formation of hydroxyl radicals. The commonly used AOPs include 
UV/H2O2, Fenton (Fe2+,3+/H2O2), and photo-Fenton (Fe2+,3+/H2O2/UV and Fe2+,3+/H2O2 
simulated sunlight), and heterogeneous catalysis (Petrovic et al. 2011). The selected 
applications of such methods are given as follows. 
UV/H2O2 has been proposed as an effective treatment method for organic contaminants in 
drinking water and reclaimed water. In this process, pollutants are degraded in two ways. Some 
organic chemicals directly absorb UV light, which then causes the destruction of chemical 
bonds and the subsequent breakdown of the contaminants. Other organic species do not 
degrade quickly or efficiently by direct UV photolysis. Therefore, the addition of H2O2 is 
necessary to more efficiently degrade contaminants. However, the presence of hydroxyl radical 
scavengers in natural water systems (e.g., carbonate species (HCO3- and CO32-), natural organic 
matter, and other organic compounds) could have a negative influence on the efficiency of 
UV/H2O2. Keen and Linden investigated the effectiveness of UV/H2O2 and direct photolysis 
by low-pressure and medium-pressure mercury vapor UV sources for degradation of six 
antibiotics (i.e., clindamycin, ciprofloxacin, penicillin-G, trimethoprim, erythromycin, and 
doxycycline), and the results demonstrated that all of the antibiotics lost activity when the UV 
dose was over 500 mJ/cm2 (Keen and Linden 2013). Furthermore, an interesting phenomenon 
has been reported that specific transformation reactions (fluoroquinolone-to-fluoroquinolone) 
occurred during the UV-C irradiation processes. Three transformations (i.e., enrofloxacin-to-
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ciprofloxacin, difloxacin-to-sarafloxacin, and pefloxacin-to-norfloxacin) were observed with a 
direct UV photolysis at 253.7 nm (Snowberger et al. 2016). Importantly, these transformations 
do not degrade the three parent FQs (i.e., enrofloxacin, difloxacin, and pefloxacin), but form 
equivalent or more potent (difloxacin-to-sarafloxacin) FQ antibiotics. Thus, transformations of 
antibiotics should be considered in the applications of UV based treatment technologies. 
Among AOPs, Fenton and photo-Fenton technologies have been studied for few decades 
and applied before or after a biological treatment, particularly the synthetic pharmaceuticals 
such as antibiotics (Bandara et al. 1997, Oller et al. 2011). In most cases, the photo-Fenton 
applications were operated at an acidic pH (i.e., 2.5 < pH < 3-4), since iron should be soluble 
and the Fe3+-hydroxyl complexes exist in an acidic pH. For example, photo-Fenton as a tertiary 
treatment of antibiotic-containing sewage (e.g., ibuprofen, ofloxacin, sulfamethoxazole, and 
triclosan) was studied by Klamerth et al., and the results demonstrated that all antibiotics were 
successfully degraded below their limit of detection at conditions of solar light, 20 mg/L Fe, 
pH = 3, and 50 mg/L initial H2O2 (Klamerth et al. 2010). However, such conditions lead to 
additional costs (e.g., pH adjustment) and secondary pollutants (e.g., acidic wastewater) which 
limit its application. De la Cruz et al. reported the degradation of 25 pharmaceuticals by Fenton 
at a neutral pH in a WWTP of Vidy, Lausanne (Switzerland), and photo-Fenton with UV254 nm 
and H2O2 (50 mg/L) achieved the best result that over 97% of pharmaceuticals were degraded, 
particularly 100% for norfloxacin and ofloxacin (De la Cruz et al. 2012). Such photo-Fenton 
process that was operated at a neutral pH can wide the feasibility of Fenton like AOP 
technologies at large commercial scale. 
Heterogeneous catalysis by semiconductors (usually metal oxides) is also a commonly 
used AOP. Exposed to light such as UV, the semiconductor works as a sensitizer for light-
induced redox reactions. Metal oxides (e.g., ZnO, ZnS, Fe3O4, CuO, and TiO2) with UV 
irradiation have been applied in this technology and been found to be effective for the 
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degradation of antibiotics (Vijaikumar et al. 2008, Zelmanov and Semiat 2008). Fink et al. 
reported the high activity of nanoparticles (CuO and TiC) for the oxidative degradation of 
enrofloxacin, a common veterinary FQ. Within a contact time of 12 h, 90% enrofloxacin was 
degraded under sunlight (Fink et al. 2012). However, the reaction mechanism needs to be 
further investigated. 
1.3.4 Membrane Processes 
Compared with conventional sewage treatments such as activated sludge, membrane 
systems (membrane filtration processes and membrane bioreactor) have been reported to be 
more efficient to remove pharmaceutical contaminants and have many advantages, e.g., 
operation at a high concentration, less sludge production, and a significant reduction of 
suspended solid (Sipma et al. 2010). Membrane filtration processes contain microfiltration 
(MF), ultrafiltration (UF), reverse osmosis (RO), and nanofiltration (NF). The major 
mechanism of membrane processes to retain contaminants could be size exclusion, adsorption 
onto membrane, and charge repulsion. Among these methods, MF (pore size 0.1-10 μm) and 
UF are generally low efficiency in removal of antibiotics because their much larger pore size 
than antibiotics, and NF (pore size 1-10 nm) and RO have been proposed as the most promising 
membrane processes to remove antibiotics (Luo et al. 2014). Koyuncu et al. reported the 
application of NF in removal of four tetracycline and seven sulfonamide antibiotics, and the 
results demonstrated that the removal efficiencies increased with increase in molecular weight 
of such antibiotics (may have larger molecular size), more than 95% removal efficiencies were 
achieved as the molecular weight was higher than 300 g/mol, and complete removals were 
observed when the molecular weight of tetracycline was higher than 450 g/mol (Koyuncu et al. 
2008). Effective removal (98.9%) of tetracycline antibiotics from water using hybrid carbon 
membrane has been reported (Liu et al. 2017). Removal of FQ antibiotic (i.e., enrofloxacin) 
was also investigated by RO and NF membranes, the removal efficiencies of enrofloxacin by 
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RO and NF membranes were higher than 97.2% and 99.1%, respectively (Košutić et al. 2007). 
However, the antibiotics were still retained in the wastewater and concentrated in the sludge 
rather than degraded in the membrane processes. 
Membrane bioreactor (MBR) combines conventional activated sludge (CAS) treatment 
and membrane filtration technology, and is considered as a good option for upgrading the 
existing WWTP and serving small communities with a high quality outlet effluent. It has been 
reported that MBR process was able to remove antibiotics that may resist the activated sludge 
treatment (Radjenović et al. 2009), because MBR had a higher concentration of sludge to which 
antibiotics were adhered, the longer sludge retention time (SRT) in MBR may facilitate the 
microbial degradation of antibiotics, and the membrane can also block antibiotics (Radjenović 
et al. 2009). Sipma et al. investigated the removal of antibiotics by MBR in comparison with 
CAS, the removal efficiencies of erythromycin, ofloxacin, sulfamethoxazole, and trimethoprim 
were 45% (MBR) and 2% (CAS), 93.5% and 75%, 73% and 33%, and 57% and 11%, 
respectively (Sipma et al. 2010). Nguyen et al. compared the hollow fiber and flat sheet MBR 
systems for removal of FQ antibiotics, and achieved high removal of norfloxacin (hollow fiber 
62-86% and flat sheet 93-99%), ofloxacin (68-93% and 73-93%), and ciprofloxacin (54-70% 
and 76-93%) (Nguyen et al. 2017). Although MBR systems had higher removal efficiencies 
than CAS systems, the high cost of membrane materials and high energy consumption limit 
the wide application of such technology. There is a need to develop a cost effective and high 
efficient technology to remove antibiotics from aquatic systems.  
1.4 Adsorption 
The aforementioned technologies are either low cost low efficiency or high cost high 
efficiency. There is a need to develop an alternative technology that is low cost but high 
efficiency for pollutant removal. Adsorption has been reported to be one of the most effective 
methods for the removal of contaminants from liquid phase (Boparai et al. 2011, Kovalova et 
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al. 2013, Sun et al. 2015). Adsorption is the partitioning of a compound between the fluid (gas 
or liquid) and solid phase, and has been known to mankind for more than 100 years. Right now 
adsorption has been widely applied for the purpose of desired bulk separation or purification. 
The fundamental elements in adsorption theory is illustrated in Figure 1.4. The solid phase is 
named as adsorbent; the substance adsorbed on adsorbent is referred to as adsorbate. The 
release of adsorbed substance into fluid phase is called desorption, which could be achieved by 
changing the properties of the fluid phase, e.g., temperature, pressure, solution pH, and 
concentration of adsorbate.  
 
 
Figure 1.4 Fundamental elements of adsorption process (Worch 2012). 
 
The adsorption mechanisms can be mainly classified as: steric mechanism, the pores of 
porous materials such as molecular sieve allow small molecules to enter while exclude large 
molecules from entry; equilibrium mechanism, the solid (adsorbent) is able to accommodate 
different adsorbates, and the adsorbate that has stronger adsorption affinity with the adsorbent 
is preferentially adsorbed by the adsorbent; and kinetic mechanism, different adsorbates have 
different diffusion rates into the pore of adsorbent, thus adsorption of an adsorbate that has 
faster diffusion rate could be achieved by controlling the time of exposure (Do 1998). Therefore, 
choosing a proper adsorbent for a given adsorption system is critical. Generally, a good 
adsorbent must retain a reasonably high surface area or micropore volume and a relatively 
larger porous network for the transport of adsorbate, which means the adsorbent must have a 
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suitable combination of micropores and macropores. In 1985, based on the adsorption of 
nitrogen on a wide range of adsorbents at 77.35 K (boiling point of nitrogen), the pore of a 
solid material was classified as: micropore (<2 nm), mesopore (2-50 nm), and macropore (>50 
nm) (International Union of Pure and Applied Chemistry 1991, Sing 1985). The adsorbents 
that satisfy the aforementioned criteria include activated carbon, zeolite, alumina, and silica 
gel, which are commonly used in chemical, biological, and biochemical industries (Yang 2003).  
 Adsorption technology has been applied in water and wastewater treatment for decades. 
The typical applications of adsorption technology are listed in Table 1.3. Both organic and 
inorganic substances can be removed from the aquatic systems. Activated carbon is the most 
commonly used adsorbent in water treatment, and it could be divided into powdered activated 
carbon (PAC) and granular activated carbon (GAC). PAC can continuously provide fresh 
carbon, and be seasonally or occasionally used when target adsorbates present at high 
concentrations (Snyder et al. 2007). Controlling of tastes and odors such as geosmin and 2-
methylisoborneol is one of the common uses of PAC. The full-scale GAC is widely applied in 
WWTPs as a replacement for anthracite media in traditional filter or as an adsorption bed after 
conventional filtration (Moore et al. 2003, Moore et al. 2001). 
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Table 1.3 Adsorption process in water treatment. 
Application  Objectives Adsorbent 
Drinking water treatment 
Removal of dissolved 
organic matter, organic 
micropollutants, and 
arsenic 
Activated carbon, 
aluminum oxide, and iron 
hydroxide 
Urban wastewater treatment 
Removal of phosphate and 
micropollutants 
Activated carbon, 
aluminum oxide, and iron 
hydroxide 
Industrial wastewater treatment 
Removal or recycling of 
specific chemicals 
Activated carbon and 
polymeric adsorbents 
Groundwater remediation 
Removal of organic 
substances 
Activated carbon 
Treatment of landfill leachate 
Removal of organic 
matters 
Activated carbon 
 
1.4.1 Achievements over the Past Decade 
Concerns about water resources contaminated by antibiotics and heavy metals have 
prompted research on effective and efficient water treatment technologies. Adsorption has been 
claimed as an effective and efficient technology for removal of antibiotics and heavy metals 
from liquid phases (Bunmahotama et al. 2015). Among the adsorbents, activated carbon has 
been employed to remove antibiotics, such as tetracyclines, penicillins, and FQs. Rivera-Utrilla 
et al. reported the adsorption behavior of tetracycline and oxytetracycline on commercial 
activated carbon, the maximum tetracycline and oxytetracycline adsorption capacities were 
471 and 413 mg/g at 298 K and pH 7, respectively (Rivera-Utrilla et al. 2013). The activated 
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carbon made from vine wood by NaOH impregnation was applied to remove amoxicillin, 
penicillin G, and tetracycline, and the corresponding maximum adsorption capacities were 
determined to be 2.69, 8.41, and 1.98 mg/g at pH 2 (Pouretedal and Sadegh 2014). Furthermore, 
as emerging contaminants, the adsorption behaviors of FQ antibiotics by activated carbons 
attracted increasing attentions. Ahmed and Theydan explored the adsorption of ciprofloxacin 
and norfloxacin by activated carbon made form Albizia lebbeck seed pods by KOH chemical 
activation, and the corresponding maximum adsorption capacities were determined to be 131 
mg/g at 298 K and pH 9, and 167 mg/g at 298 K and pH 5 (Ahmed and Theydan, 2014). The 
adsorption of ciprofloxacin on activated carbon was reported to be an endothermic process, in 
which the maximum adsorption capacities increased from 109 mg/g to 118 and 131 mg/g as 
the solution temperature was increased from 303 K to 313 and 323 K (Conkle et al. 2010).  
Except for activated carbon, other adsorbents, such as alumina, montmorillonite, goethite, 
and graphene oxide, were also used to remove antibiotics from aquatic systems. Graphene 
oxide has been used to remove tetracycline, the maximum adsorption capacity was determined 
to be 313 mg/g, and π-π interaction and cation-π bonding were proposed as the major 
mechanisms (Gao et al. 2012). The adsorption of levofloxacin (a third generation FQ antibiotic) 
on graphene oxide was also investigated, and the maximum adsorption capacity was 
determined to be 257 mg/g (Dong et al. 2016). Liu et al. reported the adsorption of levofloxacin 
on iron-pillared montmorillonite (48.6 mg/g, 298 K and pH = 7.00), and the kinetic analysis 
suggested a chemical adsorption (Liu et al. 2015). The adsorption of norfloxacin on carbon 
nanotubes (<150 mg/g, 298 K and pH 6.8-7.2) (Peng et al. 2012, Wang et al. 2010c), iron-
doped activated alumina (7 mg/g, 298 K and pH 6.5) (Liu et al. 2011) were also investigated. 
However, different to the adsorption of tetracycline antibiotics, the FQ antibiotics adsorption 
capacities of aforementioned adsorbents are low. As such, there is need to develop a new 
adsorbent that has high adsorption capacity for FQ antibiotics.    
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In addition, removal of heavy metals such as nickel by adsorption technology was also 
studied. The nickel adsorption capacities of activated carbons made from lignin and sugarcane 
bagasse pith were determined to be 14 (298 K and pH 7) (Gao et al. 2013) and 141 mg/g (298 
K and pH 6.5) (Krishnan et al. 2011). Some researchers investigated the removal of nickel by 
biosorption. Biosorption is a process that uses inexpensive biomass materials to sequester target 
substance from liquid or gas phase, and the biomaterials used in this process are termed as 
biosorbents (Volesky 2007). For example, Krishnani et al. used lignocellulosic bagasse as a 
biosorbent to remove nickel from wastewater, and the maximum adsorption capacity was 
determined to be 2.8 mg/g (Krishnani et al. 2009).  
According to the previously reported work (Ou et al. 2015, Thevannan et al. 2010), barley 
straw, an abundantly generated agricultural byproduct mainly composed of cellulose, 
hemicellulose, and lignin, can be used as a biosorbent in the adsorption of nickel from aqueous 
solution and shows its potential for removing contaminants. The electrostatic attraction 
between the negatively charged barley straw surface and positively charged nickel ions was 
suggested as the dominant interaction. However, the removal capacity needs to be improved 
and the secondary pollution caused by organic compounds release from adsorbents into 
aqueous solution needs to be addressed. To achieve the optimum adsorption conditions, the 
major factors affecting the adsorption process were discussed in the following subsections. 
1.4.2 Factors Affecting the Adsorption Process 
1.4.2.1 Effect of Solution pH 
It is well known that solution pH affects charge state of adsorbent and speciation of 
adsorbate, and therefore the adsorption process. The adsorption of tetracycline and 
oxytetracycline on commercial activated carbon was investigated at different pH, both the 
highest adsorption capacities were observed at pH 7, the corresponding adsorption at pH 2 were 
65% (tetracycline) and 57% (oxytetracycline) of those at pH 7, and the adsorption at pH 10 
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were 50% and 56% of those at pH 7, respectively. Such results were explained by the 
progressive ionization of the oxygen-containing functional groups of the commercial activated 
carbon, which led to a more negative charged surface as the solution pH was increased (Rivera-
Utrilla et al. 2013). However, the maximum ciprofloxacin and norfloxacin adsorption 
capacities of activated carbon made form Albizia lebbeck seed pods by KOH chemical 
activation were achieved at pH 9 (131 mg/g at 298 K) and 5 (167 mg/g at 298 K), respectively 
(Ahmed and Theydan 2014). 
Wang et al. investigated the adsorption of norfloxacin on surface-modified carbon 
nanotubes at different solution pH (Wang et al. 2010c). As solution pH was lower than 4.00 
(point zero charge), the surface of surface-modified carbon nanotubes was positively charged, 
otherwise negatively charged (pH > 4.00). In addition, as mentioned in the Section of 1.2.1.1, 
norfloxacin had two values of dissociation constant via its tertiary amine group (pKa2 = 8.51) 
and carboxyl group (pKa1 = 6.22), and it can be positively charged (pH < 6.22), negatively 
charged (pH > 8.51), and zwitterionic (pH 6.22-8.51) (Pei et al. 2011). As solution pH was 
increased from 2.00 to 7.20, the norfloxacin adsorption capacity increased (carbon nanotubes 
and norfloxacin had opposite charges), and then decreased when solution pH was further 
increased to 10.50 (carbon nanotubes and norfloxacin had the same charge state and could repel 
each other). The highest NOR adsorption of surface-modified carbon nanotubes was achieved 
at pH 7.20. Thus, the pH-dependent electrostatic attraction was first expected to be the major 
driving force by the authors. However, further analysis of the results demonstrated that the 
variation of NOR adsorption capacity of surface-modified carbon nanotubes in the pH range 
(2.00-10.50) was low, therefore, electrostatic attraction between carbon nanotubes and 
norfloxacin influenced the adsorption process of norfloxacin on carbon nanotubes, but it may 
not be the principal mechanism. Consequently, the π-π electron-donor-acceptor interactions 
(not significantly affected by solution pH) between carbon nanotubes (π-electron-donors) and 
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benzenes ring of norfloxacin molecules (π-electron-acceptors, due to the strong electron 
withdrawing ability of the fluorine group) were proposed as the dominant mechanism (Wang 
et al. 2010c). Such electron-donor-acceptor interactions were further discussed in the Section 
of 1.4.3. 
1.4.2.2 Effect of Temperature 
As a critical environment parameter, temperature influences the adsorption kinetics and 
equilibrium. Boparai et al. reported the adsorption of cadmium ion on nano zerovalent iron 
particles (770 mg/g at 297 K), and the adsorption kinetics with respect to temperature was 
investigated. The obtained kinetic data were well fitted by the pseudo-second-order kinetic 
model. As the solution temperature was increased, the rate constant and initial adsorption rate 
increased. Based on the Arrhenius equation, the activation energy was determined to be 54.8 
kJ/mol, which suggested a chemical adsorption (Boparai et al. 2011). 
In addition, the adsorption of norfloxacin on graphitized carbon nanotubes at different 
temperatures were studied by Wang et al. As the solution temperature was increased from 288 
K to 298 and 310 K, the norfloxacin adsorption capacity of graphitized carbon nanotubes 
increased from 66 mg/g to 77 and 98 mg/g, which revealed an endothermic process. As a result, 
the π-π electron-donor-acceptor interaction was considered as the predominant mechanism 
(Wang et al. 2010c). Liu et al. also studied the adsorption of levofloxacin (a third generation 
FQ antibiotic) on iron-pillared montmorillonite (clay mineral) at various temperatures, the 
results also indicated an endothermic process, and the adsorption was classified as a chemical 
adsorption (Liu et al. 2015).    
1.4.2.3 Effect of Ionic Strength 
Wastewater contains various cations (e.g. Na+, K+, Ca2+, Mg2+, and NH4+) and anions (e.g. 
Cl-, SO42-, PO43-, and HCO3-). Such ions may affect the adsorption process via influencing the 
competition among cations, metal’s activity, interface potential, solution pH, and particularly 
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the property of the electrical double layer. During the adsorption process, an electrical double 
layer may be formed in the surrounding of the adsorbed cations (antibiotic+ and heavy metal+) 
due to the electrostatic interactions. As the solution ionic strength is improved, the thickness 
of aforementioned electrical double layer decreases, which results in a decrease of surface 
charge of the adsorbent. Most studies show that an increase in ionic strength decreases the 
adsorption capacity of the adsorbent (Białk-Bielińska et al. 2012, Graouer-Bacart et al. 2013, 
Thevannan et al. 2010). 
1.4.2.4 Presence of Heavy Metals 
A very unique property of antibiotics in comparison to commonly studied hydrophobic 
organic contaminants is their various functional groups, such as tricarbonylamide, phenolic 
diketone, and dimethylamine groups of tetracycline antibiotics (Wan et al. 2010), keto and 
carboxyl groups of FQ antibiotics (Turel 2002), and amino group and N-heteroaromatic rings 
of sulfonamide antibiotics (Wu et al. 2012). These functional groups enable antibiotics to 
interact with other chemicals such as metal ions. Complexation of antibiotics with metals is a 
well-known phenomenon and has been proposed as the major mechanism for interaction of 
metals and antibiotics (Pulicharla et al. 2015). For example, Cu2+ could have six vacancies of 
electronic orbital by d2sp3 hybrid orbital, all of which are possible to be filled with a pair of 
lone-pair electrons (Wu et al. 2012). The lone-pair electrons are usually supplied by oxygen, 
sulfur, and nitrogen. The complexation of antibiotics with Cu2+ indicated that coordination sites 
of Cu2+ can be occupied by ligands (e.g., carboxyl and hydroxyl groups of antibiotics) to form 
a stable structure (Chen et al. 2009).  
FQ antibiotics can complex with heavy metal cations via the 4-oxo and adjacent carboxyl 
groups (Figure 1.1), although there may be difference among FQs (such as ciprofloxacin, 
enrofloxacin, and norfloxacin) and heavy metals in the extent of interaction (Polk 1989). Ftouni 
et al. studied the structure of copper(II)-enrofloxacin complex using Cu K-edge X-ray 
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absorption near edge structure (XANES) spectroscopy (Ftouni et al. 2012). It has been 
proposed that two carboxylate and two pyridine oxygen atoms from two enrofloxacin 
molecules coordinated in Cu2+ equatorial plane, whereas two water molecules weakly interact 
in the axial positions to form the CuO4⋅⋅⋅O2 chromophore. The Cu K-edge XANES spectrum 
of [Cu(enrofloxacin)2(H2O)2] exhibited a very weak pre-edge feature at 8977.4 eV that 
corresponds to the 1s→3d transition. The very weak intensity of this pre-edge was consistent 
with an octahedral symmetry. In addition, there was a shoulder in the low energy side of the 
edge (8984.0 eV) due to 1s→4pz and shakedown electron transitions. Such result revealed a 
tetragonal distortion, since Cu2+ cannot be bonded to enrofloxacin in the equatorial plane with 
the same degree of angular overlap as water molecule. The steric hindrance would affect the 
ability of the ligand to transfer charge to the metal when core electrons are removed in 1s→4pz 
transition. 
Moreover, extended X-ray absorption fine structure (EXAFS) spectroscopy was used to 
study the ternary complexes of norfloxacin adsorption on montmorillonite in the presence of 
Cu(II) at different pH (Pei et al. 2011). The analysis of spectra indicated that: norfloxacin+ was 
adsorbed on montmorillonite by the formation of outer-sphere montmorillonite-norfloxacin-
Cu(II) ternary surface complex at pH 4.5, and Cu(II) suppressed the adsorption of norfloxacin 
on montmorillonite; montmorillonite-norfloxacin-Cu(II) and montmorillonite-Cu(II)-
norfloxacin ternary surface complexes co-existed at pH 7.0, and the presence of Cu(II) 
increased the norfloxacin adsorption capacity of montmorillonite; montmorillonite-Cu(II)-
norfloxacin ternary surface complex was likely formed at pH 9.0, which was different to 
Cu(II)(norfloxacin)2 precipitate of the solution, and the norfloxacin adsorption capacity of 
montmorillonite was again increased. 
As introduced before, LEV is a zwitterionic molecule and can complex with heavy metals 
strongly via its carboxyl and keto groups (Wallis et al. 1996), consequently affecting the 
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adsorption behavior of both LEV and heavy metals. As a representative of heavy metals, nickel 
is one of the concerns in the water sources.  Nickel wastewater is abundantly generated from 
industries (e.g., mineral processing, electroplating, production of paints and batteries, and 
manufacturing of sulfate and porcelain enameling) and is associated with dermatitis, nausea, 
coughing, chronic bronchitis, gastrointestinal distress, and lung cancer, which threatens human 
health (Flores-Garnica et al. 2013, Sharma and Singh 2013). Furthermore, it has been reported 
that Ni(II) may complex with FQs and change their physical, chemical, and biological 
properties (Uivarosi 2013). LEV and nickel in aquatic environment may affect each other. 
These may present a risk to human health through contaminated drinking water. Therefore, 
removal of nickel and investigating its effect on adsorption of LEV are essential. 
To the best knowledge of the author of this work, there is no investigation on adsorption 
of LEV in the presence of Ni(II) in environment. 
1.4.3 Electron-Donor-Acceptor Interactions 
Nonbonding electrons (n) of surface-associated functional groups, e.g., carboxyl groups (-
COO-) and hydroxyl groups (-O-), have been considered to be strong n-electron-donors (Chen 
et al. 2008). The aromatic rings on adsorbent surface, particularly as the number of associated 
rings increases, could be strong π-electron-donors due to the occurrence of quadrupole moment 
(Keiluweit and Kleber 2009). On the other hand, the benzene ring of norfloxacin has been 
proposed as a π-electron-acceptor due to the strong electron withdrawing ability of the fluorine 
group and nitrogen-containing groups (Keiluweit and Kleber 2009, Wang et al. 2010c). As a 
result, the n-π and π-π electron-donor-acceptor pairs could be formed between the carboxyl (-
COO-), hydroxyl (-O-), and aromatic groups of the adsorbent and the benzene ring of FQ 
antibiotics such as norfloxacin and levofloxacin. The π-π electron-donor-acceptor interactions 
have been suggested as the major mechanism for the adsorption of antibiotics (e.g., ofloxacin, 
norfloxacin, sulfadiazine, sulfamethoxazole, sulfamethazine, cephalexin, amoxicillin, and 
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tetracycline) on graphene oxides (Liu et al. 2016), biochar (Peng et al. 2016), and carbon 
nanotubes (Wang et al. 2010c). 
Furthermore, the electron-donor-acceptor interactions are polar interactions (Foster and 
Fyfe 1966, Keiluweit and Kleber 2009). As temperature is increased, the static dipole 
polarizability increases (Adam et al. 2013, Blundell et al. 2000), and the strength of electron-
donor and -acceptor increases. Consequently, the electron-rich functional groups of adsorbent 
(e.g., -COO-, -O- and aromatic groups) and the benzene rings attached to fluorine of FQ 
antibiotics become stronger electron-donors and electron-acceptors, and the n-π and π-π 
electron-donor-acceptor interactions could be enhanced at a higher temperature. 
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CHAPTER 2 THEORY 
2.1 Adsorption Kinetics  
Kinetic models based on chemical reaction have been used to describe the adsorption 
process. Among these models, the pseudo-second-order kinetic model assumes that adsorption 
capacity is proportional to the number of active sites occupied on the adsorbent (Ho 2006), and 
has been employed to describe the adsorption of FQs, such as ofloxacin and oxolinic acid (Tan 
et al. 2013). In the current work, it was also used to simulate the adsorption data, as presented 
below:  
𝑑𝑑𝑑𝑑𝑡𝑡
𝑑𝑑𝑑𝑑
 =𝑘𝑘(𝑞𝑞𝑒𝑒 − 𝑞𝑞𝑑𝑑)2                                                                                                                     (2.1) 
Integration with the initial condition qt = 0 at t = 0 gave 
𝑑𝑑
𝑑𝑑𝑡𝑡
= 1
𝑘𝑘𝑑𝑑𝑒𝑒
2 + 𝑑𝑑𝑑𝑑𝑒𝑒                                                                                                        (2.2) 
where k is the pseudo-second-order rate constant (g/(mg·h)), qt and qe denote the adsorption at 
time t and the equilibrium adsorption capacity (mg/g), respectively. 
Once the rate constant was obtained, the activation energy of adsorption could be 
determined based on the Arrhenius equation (Eq. (2.3)) by plotting lnk against 1/T (in Kelvin),  
𝑙𝑙𝑙𝑙𝑘𝑘 = −𝐸𝐸𝑎𝑎
𝑅𝑅
�
1
𝑇𝑇
� + 𝑙𝑙𝑙𝑙𝑙𝑙                                                                                                             (2.3) 
where Ea is the activation energy of adsorption (kJ/mol) and R is the universal gas constant 
8.314 J/(mol·K). A is the so-called frequency factor or pre-exponential factor that includes 
factors like the frequency of collisions and their orientation, and is often taken as a constant 
across small temperature ranges. The value of activation energy can be used to differentiate the 
type of adsorption: physisorption or chemisorption. Physical adsorption is readily reversible 
and attains equilibrium rapidly, therefore, it requires less energy than chemical adsorption. The 
energy of activation for physical adsorption is usually no more than 1 kcal/mol (equivalent to 
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4.2 kJ/mol). However, chemical adsorption is specific and involves stronger forces, thus 
requiring larger activation energies (Smith 1970, Unuabonah et al. 2007). 
2.2 Adsorption Equilibrium Modeling  
The Langmuir-Freundlich model has been commonly and successfully applied to describe 
the adsorption phenomena involved in Langmuir type isotherms and heterogeneous surfaces, 
such as the adsorption of NOR on reduced graphene oxide (Tang et al. 2013), adsorption of 
enrofloxacin and ofloxacin on bamboo biochar (Wang et al. 2015), adsorption of 
sulfamethoxazole on carboxylic-functionalized carbon nanotubes (Lan et al. 2016), and 
adsorption of ciprofloxacin on activated carbon and carbon xerogel (Carabineiro et al. 2012). 
Considering that PBS is a modified lignocellulosic biomass and contains various components 
demonstrating the heterogeneity, and each of the experimentally obtained FQs adsorption 
isotherms has a saturation capacity demonstrating a Langmuir type property, the Langmuir-
Freundlich model was used to fit the experimental data in this work and given below (Sips 
1948): 
𝑞𝑞𝑒𝑒 = 𝑑𝑑𝑚𝑚𝑏𝑏𝐶𝐶𝑒𝑒𝑛𝑛1+𝑏𝑏𝐶𝐶𝑒𝑒𝑛𝑛                                                                                                                                       (2.4) 
where Ce is the equilibrium concentration of adsorbate in liquid phase (mg/L), qm is the 
maximum adsorption capacity of the adsorbent (mg/g), b is the adsorption equilibrium constant 
(L/mg), and n is indicative of the surface site heterogeneity of the adsorbent. 
2.3 Approximate Site Energy and Its Distribution 
The site energy distribution of the adsorbent relates to the adsorption isotherm. In a 
heterogeneous adsorption system, such distribution was determined by the following integral 
equation (Carter et al. 1995, Shen et al. 2015):  
𝑞𝑞𝑒𝑒(𝐶𝐶𝑒𝑒) = ∫ 𝑞𝑞ℎ(𝐸𝐸,𝐶𝐶𝑒𝑒)𝐹𝐹(𝐸𝐸)d𝐸𝐸∞0                                                                                              (2.5) 
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This equation defined the total adsorption qe of an adsorbate by a heterogeneous surface as the 
integral of an energetically homogeneous isotherm 𝑞𝑞ℎ(𝐸𝐸,𝐶𝐶𝑒𝑒) multiplied by the site energy 
frequency distribution F(E) over a range of local adsorption sites with a homogeneous energy 
E. Adsorption energy E is the adsorption energy difference between the solute (adsorbate, i.e., 
LEV, NOR, and nickel in this work) and solvent (water) for a given adsorption site. 
The above integral was solved with the import of the Cerofolini approximation (Cerofolini 
1974, Seidel and Carl 1989), in which the equilibrium adsorbate concentration (Ce) was 
associated with the adsorption energy (E),  
𝐶𝐶𝑒𝑒 = 𝐶𝐶𝑠𝑠𝑒𝑒𝑒𝑒𝑒𝑒[− �𝐸𝐸−𝐸𝐸𝑠𝑠𝑅𝑅𝑇𝑇 �]                                                                                          (2.6) 
𝐶𝐶𝑒𝑒 = 𝐶𝐶𝑠𝑠𝑒𝑒𝑒𝑒𝑒𝑒 �− 𝐸𝐸∗𝑅𝑅𝑅𝑅�                                                                                                                (2.7) 
𝐸𝐸∗ = 𝐸𝐸 − 𝐸𝐸𝑠𝑠                                                                                                                             (2.8) 
𝐸𝐸∗ = −𝑅𝑅𝑅𝑅𝑙𝑙𝑙𝑙(𝐶𝐶𝑒𝑒 𝐶𝐶𝑠𝑠⁄ )                                                                                                     (2.9) 
where Cs is the maximum solubility of adsorbate at the given conditions and Es is the adsorption 
energy corresponding to Ce = Cs (Derylo-Marczewska et al. 1984). The Cs value of LEV in 
water at 298.15 K and pH 6.88 is 50000 mg/L (Food and Drug Administration 2008), and these 
values at 308.15 and 318.15 K are estimated to be 57594 and 65754 mg/L. The Cs value of 
NOR in water is 400 mg/L at 298.15 K and pH 7, and such values at 308.15 and 318.15 K are 
estimated to be 677.7 and 1111 mg/L (Blokhina et al. 2016, Ross and Riley 1990). The 
maximum solubility of NiSO4 in water at 298.15 K is 6.25×105 mg/L. E*, referring to the 
difference of adsorption energies between the adsorbate and solvent to the adsorbent surface 
based on the reference point Es, was calculated by incorporating the known values of Cs and 
Ce into Eq. (2.9). Eq. (2.9) may also be obtained from the Polanyi adsorption potential theory, 
and therefore the adsorption energy could be associated with the adsorption potential that is 
proportional to the polarizability (Manes and Hofer 1969). 
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Assuming that the Langmuir-Freundlich model (Eq. (2.4)) is applicable to the PBS-
adsorbate (i.e., LEV, NOR, and nickel) adsorption system, when Eq. (2.7) is incorporated into 
Eq. (2.4), the isotherm qe(Ce) can be presented as a function of E* and given below:  
𝑞𝑞𝑒𝑒(𝐸𝐸∗) = 𝑞𝑞𝑚𝑚𝑏𝑏𝐶𝐶𝑠𝑠𝑙𝑙𝑒𝑒−𝑙𝑙𝐸𝐸∗𝑅𝑅𝑅𝑅1+𝑏𝑏𝐶𝐶𝑠𝑠𝑙𝑙𝑒𝑒−𝑙𝑙𝐸𝐸∗𝑅𝑅𝑅𝑅                                                                                                                  (2.10)  
qe(E*) represents the adsorption capacity with a specific site energy E* and above. Then, 
differentiating the isotherm, an approximate site energy distribution F(E*) was determined as 
follows (Carter et al. 1995): 
𝐹𝐹(𝐸𝐸∗) =  −𝑑𝑑𝑑𝑑𝑒𝑒(𝐸𝐸∗)
𝑑𝑑𝐸𝐸∗
                                                                                                               (2.11) 
𝐹𝐹(𝐸𝐸∗) = 𝑑𝑑𝑚𝑚𝑛𝑛𝑏𝑏𝐶𝐶𝑠𝑠𝑛𝑛𝑒𝑒−𝑛𝑛𝐸𝐸∗𝑅𝑅𝑅𝑅
𝑅𝑅𝑇𝑇(1+𝑏𝑏𝐶𝐶𝑠𝑠𝑛𝑛𝑒𝑒−𝑛𝑛𝐸𝐸∗𝑅𝑅𝑅𝑅 )2                                                                                              (2.12) 
Since the derived site energy distribution was not normalized, the area under the distribution 
curve equaled the maximum adsorption capacity qm (Carter et al. 1995): 
∫ 𝐹𝐹(𝐸𝐸∗)𝑑𝑑𝐸𝐸∗ = 𝑞𝑞𝑚𝑚+∞0                                                                                                              (2.13) 
The position of the mode of site energy distribution curve, 𝐸𝐸𝑚𝑚∗  (value of E* at the maximum 
of distribution) was determined from the derivative of Eq. (2.12) (i.e., when 
𝑑𝑑𝑑𝑑(𝐸𝐸∗)
𝑑𝑑𝐸𝐸∗
 =0), 
𝐸𝐸𝑚𝑚
∗ = 𝑅𝑅𝑇𝑇n  ln(𝑏𝑏𝐶𝐶𝑠𝑠𝑛𝑛)                                                                                                              (2.14) 
It has been reported that the interaction strength between the adsorbate and adsorbent can 
be depicted by the weighted mean of site energy distribution (Carter et al. 1995, Shen et al. 
2015). The value of weighted mean was calculated as follows: 
𝜇𝜇(𝐸𝐸∗) = ∫ 𝐸𝐸∗∙𝑑𝑑(𝐸𝐸∗)𝑑𝑑𝐸𝐸∗+∞0
∫ 𝑑𝑑(𝐸𝐸∗)𝑑𝑑𝐸𝐸∗+∞0                                                                                                  (2.15) 
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By incorporating Eq. (2.12) and Eq. (2.13) into the above equation and integrating them, the 
weighted mean can be determined, 
𝜇𝜇(𝐸𝐸∗) = 𝑅𝑅𝑇𝑇n  ln(1 + 𝑏𝑏𝐶𝐶𝑠𝑠𝑛𝑛)                                                                                                      (2.16) 
Revealed by the width of site energy distribution, the site energy heterogeneity of the 
adsorbent for adsorbate can be quantified by the standard deviation 𝜎𝜎𝑒𝑒∗of the distribution (Shen 
et al. 2015). The value of 𝜎𝜎𝑒𝑒∗ was determined by the following equations: 
𝜇𝜇(𝐸𝐸∗2) = ∫ 𝐸𝐸∗2 ∙ 𝑑𝑑(𝐸𝐸∗)𝑑𝑑𝐸𝐸∗+∞0
∫ 𝑑𝑑(𝐸𝐸∗)𝑑𝑑𝐸𝐸∗+∞0                                                                                            (2.17) 
Again, incorporating Eq. (2.12) and Eq. (2.13) into Eq. (2.17) and integrating them gave,  
𝜇𝜇(𝐸𝐸∗2) = 2(𝑅𝑅𝑇𝑇)2
𝑛𝑛2
∫
1
𝑏𝑏𝐶𝐶𝑒𝑒
𝑛𝑛
𝑏𝑏𝐶𝐶𝑠𝑠
𝑛𝑛
0
𝑙𝑙𝑙𝑙(1 + 𝑏𝑏𝐶𝐶𝑒𝑒𝑙𝑙)𝑑𝑑(𝑏𝑏𝐶𝐶𝑒𝑒𝑙𝑙)                                                                (2.18) 
Then, the standard deviation was calculated,  
𝜎𝜎𝑒𝑒
∗ = �𝜇𝜇(𝐸𝐸∗2) − 𝜇𝜇(𝐸𝐸∗)2                                                                                                      (2.19) 
Furthermore, according to the site energy distribution F(E*), the percentage (P) of binding 
sites, the site energy of which are above E*, was determined,  
𝑃𝑃(𝐸𝐸∗) = ∫ 𝑑𝑑(𝐸𝐸∗)𝑑𝑑𝐸𝐸∗+∞𝐸𝐸∗
∫ 𝑑𝑑(𝐸𝐸∗)𝑑𝑑𝐸𝐸∗+∞0                                                                                                          (2.20) 
The substitution of Eq. (2.10), Eq. (2.12) and Eq. (2.13) into Eq. (2.20) resulted in, 
𝑃𝑃(𝐸𝐸∗) = 𝑏𝑏𝐶𝐶𝑠𝑠𝑛𝑛𝑒𝑒−𝑛𝑛𝐸𝐸∗𝑅𝑅𝑅𝑅
1+𝑏𝑏𝐶𝐶𝑠𝑠
𝑛𝑛𝑒𝑒
−𝑛𝑛𝐸𝐸∗
𝑅𝑅𝑅𝑅
                                                                                (2.21) 
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CHAPTER 3 MATERIALS AND METHODS 
3.1 Materials  
The raw barley straw (RBS) was supplied by the Poultry Center of the University of 
Saskatchewan, Saskatoon, Canada. It was sun dried, then crushed and sieved to achieve the 
sizes of 0.425-1.18 mm. After that, the straw was dried in an oven at 378.15 K and kept in 
desiccators.  
LEV, NOR, and nickel solutions were prepared by dissolving levofloxacin (C18H20FN3O4, 
≥ 98 wt%, 361.37 g/mol, Sigma-Aldrich), norfloxacin (C16H18FN3O3, ≥ 99 wt%, 319.33 g/mol, 
Northernchem Inc.), and hydrated nickel sulfate (NiSO4·6H2O, > 98.9 wt%, Fisher Scientific) 
in deionized water, respectively. 0.1 M sulfuric acid (H2SO4, > 98.0% (w/v), E.M Science) and 
0.1 M sodium hydroxide (NaOH, > 98.3 wt%, Fisher Scientific) solutions were prepared for 
pH adjustment. Three purchases were made from Fisher Scientific: 99.8% (w/v) acetonitrile 
anhydrous and 88% (w/v) formic acid as the mobile phase in high performance liquid 
chromatography (HPLC) analysis, Ni(CH3COO)2 (> 99 wt%) as a reference to the nickel 
crystal structure, and 85% (w/v) H3PO4. Ethylenediaminetetraacetic acid disodium salt 
dihydrate (EDTA, 99 wt%) used in desorption experiments as a chelating agent was obtained 
from Sigma-Aldrich. Deionized water was used in all procedures.  
3.2 Pretreatment Method  
20 g dried raw barley straws (0.425-1.18 mm) were mixed with a 400 mL 0-25% (w/v) 
H3PO4 solution. The mixture was magnetically stirred at 100 rpm for 24 h. Then, it was filtered 
to obtain the impregnated barley straw. The wet impregnated barley straw was heated in a 700 
W Rival microwave for 8-10 min, and the maximum value of heating temperature was 844.15 
K. After that, the samples were mixed with deionized water, and the mixture was heated to 
353.15-363.15 K for 30 min. The mixture was then filtered by deionized water for 5-6 times to 
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remove the residual H3PO4 and other salts until the filtrate pH became constant at about 4. 
Finally, the obtained wet particles were dried at 378.15 K.  
In regards to consideration of sustainability, H3PO4 solution used in the impregnation of 
raw barley straw could be recycled and reused in the pretreatment of barley straw. In addition, 
continuing reducing the MW energy used in the pretreatment process should be investigated. 
These two aspects could form areas of future research.  
3.3 Determination of Point of Zero Net Charge  
To assess the optimal pH for adsorption, it would be important to determine the point of 
zero net charge (PZNC) value of adsorbent as it provides with information on the charge state 
of the surface of adsorbent at a specific pH. The PZNC was determined by a salt titration 
method (Davis and Leckie 1978). The titration was conducted by monitoring the change in pH 
upon addition of salt such as sodium sulfate to a PBS or RBS suspension. In this work, 20.0 
mg PBS or RBS particles were mixed with a 20 mL 0.2 M sodium sulfate aqueous solution or 
deionized water. The contact time of 6 h was confirmed to be sufficient for reaching 
equilibrium at 298.15 ± 0.50 K. The solution pH was adjusted using 0.1 M H2SO4 or 0.1 M 
NaOH, and was measured by a pH meter (ISTEK, MODEL 915 PDC). Then the equilibrium 
pH of each sample was plotted against the added amount of acid or base. Once the two curves 
(i.e., adsorbent in salt solution and adsorbent in deionized water) were obtained, the PZNC 
value of PBS or RBS could be determined by the intersection of the two curves. Because the 
electrical charge density on the surface of adsorbent is zero at PZNC, and the solution pH of 
suspension was not changed at the elevated salt concentration, which means that the two PBS 
or RBS suspensions (in sodium sulfate aqueous solution or deionized water) have same pH 
value as adding a same amount of acid or base. All titration experiments were run in duplicate. 
This method has been used in the previous studies to determine the PZNC of biomass materials 
(Thevannan et al. 2010). 
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3.4 Adsorption and Desorption of Levofloxacin or Norfloxacin on 
Adsorbents Based on Barley Straw  
All adsorption experiments were carried out using a batch mode. The initial concentrations 
of LEV/NOR ranged from 10 mg/L to 100 mg/L. In the kinetic experiments, 5.0 ± 0.1 mg PBS 
(made from RBS by 5% (w/v) H3PO4 impregnation and 9 min MW heating) particles were 
mixed with a 50.0 mL LEV/NOR solution at different temperatures (298.15, 308.15, and 
318.15 K) for 1, 2, 4, 6, 12, 24, 30, 36, 48, 72, 96, 120, 144, and 168 h. The initial solution pH 
was adjusted using 0.1 M H2SO4 or 0.1 M NaOH to the desired values. During the adsorption 
process, no significant change of pH was observed; therefore, no acid or base solution was 
added. In the adsorption equilibrium experiments, the contact time of PBS particles with the 
LEV/NOR solution was set as 168 h to reach equilibrium. 
To avoid light, all suspensions were shaken at 150 rpm in the dark. 0.2 mL supernatant 
was taken out by a 1 mL syringe (B-D Syringes), the supernatant was then filtered by a 0.20 
µm Acrodisc Syringe Filter (Pall Corporation, no LEV/NOR adsorption by the syringe filter 
was observed). The LEV/NOR concentration in the filtrate was determined by a high 
performance liquid chromatography (HPLC). All experiments were conducted in triplicate. 
The same concentration series of LEV/NOR solutions without PBS was conducted at the same 
controlled conditions. The results showed that the initially added amounts of LEV/NOR 
remained unchanged (no degradation). Thus, the amount of LEV/NOR adsorbed per unit mass 
of adsorbents was calculated by the LEV/NOR mass difference at the initial and final stage of 
adsorption divided by the dry net weight of PBS. The results were presented in average values 
with the corresponding standard deviations. 
Desorption experiments were conducted immediately after adsorption at the same 
temperature and in the same vials as those for the adsorption experiments. The LEV/NOR 
solution was removed from the vials by a SOCOREX Acura 835 micropipette (1-10 mL). Then, 
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the same volume of deionized water was added. The pH of each sample was re-adjusted to the 
desired values. Next, the vials were shaken at 150 rpm for 168 h in the dark. The desorption 
efficiency was determined by the ratio of the amount of LEV/NOR released from the adsorbent 
at desorption equilibrium to the initially adsorbed LEV/NOR. 
3.5 Adsorption and Desorption of Nickel on Adsorbents Based on Barley 
Straw  
Adsorption experiments were performed in a titrator (SCHOTT Instruments TITRONIC 
universal) in which the solution pH was auto-adjusted to the desired values and kept constant. 
600 ± 0.1 mg PBS (made from RBS by 5% (w/v) H3PO4 impregnation and 9 min MW heating) 
was added to a 300 mL nickel sulfate solution, and the mixture was magnetically stirred at a 
speed of 200 rpm. The initial concentrations of nickel (Ni2+) ranged from 25 mg/L to 1000 
mg/L. Adsorption experiments were run at 298.15 ± 0.50 K for 5 hours to ensure that the 
adsorption equilibrium was reached. Nickel concentration was measured by an instrument of 
atomic absorption spectroscopy (AAS, Aurora Instruments Ltd., AI 1200), which is similar to 
the previous research (Thevannan et al. 2010). Nickel adsorption capacity per unit dry mass of 
adsorbents was calculated by nickel mass balance in the adsorption samples. Each of the 
experiments was performed in duplicate. 
To perform the desorption experiments, PBS was first loaded with nickel, then separated 
using a filter, and dried in an oven at 378.15 K for 24 h. Next, 600 mg PBS loaded with nickel 
was added into 300 mL deionized water. The pH was adjusted to 2.0 by 2 M H2SO4. The 
mixture was shaken at a speed of 200 rpm for 24 h.  
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3.6 Adsorption of Levofloxacin on Pretreated Barley Straw in the Presence 
of Nickel Ions  
The adsorption experiments of LEV on PBS (made from RBS by 5% (w/v) H3PO4 
impregnation and 9 min MW heating) in the presence of Ni(II) were done in a batch mode by 
mixing 5.0 ± 0.1 mg PBS with a 50.0 mL LEV-nickel solution. The initial LEV concentrations 
ranged from 10 mg/L to 100 mg/L with the addition of Ni (11.74 mg Ni/L equivalent to 0.2 
mmol/L prepared using NiSO4·6H2O). The solution pH was adjusted to 4.0, 7.0, and 9.0, and 
was kept constant by adding acid (0.1 M H2SO4) or base (0.1 M NaOH) during the adsorption 
process. Then, the mixtures were shaken at 150 rpm and 298.15 K in the dark for 168 h to reach 
adsorption equilibrium. Other conditions were controlled as the same way as those described 
in the Section of 3.4. The equilibrium concentrations of LEV and Ni were determined by HPLC 
and AAS, respectively. 
3.7 Adsorption of Water or Ethanol by Adsorbents Based on Barley Straw  
0.2 g dry RBS or PBS (made from RBS by 5% (w/v) H3PO4 impregnation and 9 min MW 
heating) was mixed with a 30 g water or ethanol solution, and the mixture was shaken at 150 
rpm for 0.5 -20 h at 298.15 ± 0.5 K.  
In addition, to examine the capability of PBS to selectively remove water from ethanol-
water mixture at 298.15 ± 0.5 K, batch adsorption experiments were done in ethanol-water 
mixtures initially containing 78 wt% ethanol. 0.2 g dry PBS was mixed with a 30 g 78 wt% 
ethanol solution, and the mixture was shaken at 150 rpm for 2.0 h. All the adsorption 
experiments were run in triplicate with a blank undergoing the same treatment, and the data 
were presented in average values with the corresponding standard deviations. 
Adsorption of pure water and pure ethanol by RBS and PBS were determined by weighing 
the difference of the dry and wet weight of PBS and RBS, then divided by the dry weight of 
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the respective dry materials. Water concentration in the ethanol-water mixture was analyzed 
by a Karl Fischer coulometer (Mettler Toledo DL 32). The ethanol content was calculated by 
subtracting the mass of water from the total mass of the sample. 
3.8 Analyses 
3.8.1 Determination of Levofloxacin Concentration 
Six standard solutions (10, 20, 40, 60, 80, and 100 mg/L) of LEV were prepared by 
dissolving LEV powder (≥ 98 wt%, 361.37 g/mol, Sigma-Aldrich) into deionized water. Such 
solutions were then analyzed by a HPLC (Agilent Technologies 1260 Infinity Quaternary LC) 
equipped with a Poroshell 120, EC-C18 column (2.7 µm, 4.6×100 mm) and a UV detector at 
293 nm. The mobile phase was 60:40 (v/v) of acetonitrile anhydrous and 0.1% formic acid in 
deionized water with a flow rate of 0.75 mL/min. The UV spectra of six standard LEV solutions 
are displayed in Figure 3.1. The retention time of LEV in the HPLC was 1.21 ± 0.02 min, 
similar to that in the literature (Dafale et al. 2015, Locatelli et al. 2015). All the measurements 
were done in triplicate. The obtained LEV calibration curve is illustrated in Figure 3.2, and the 
corresponding values of Pearson correlation coefficient and coefficient of determination R2 
were determined to be 0.999 and 0.999, respectively. 
 
44 
 
 
Figure 3.1 UV spectra of six standard LEV solutions by Agilent 1260 HPLC. 
 
 
Figure 3.2 LEV calibration curve used in this work. 
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3.8.2 Determination of Norfloxacin Concentration 
Similar to the aforementioned steps of LEV, six standard solutions (10, 20, 40, 60, 80, and 
100 mg/L) of NOR were prepared by dissolving NOR powder (≥ 99 wt%, 319.33 g/mol, 
Northernchem Inc.) into deionized water. Such solutions were then analyzed by a HPLC 
(Agilent Technologies 1260 Infinity Quaternary LC) equipped with a Poroshell 120, EC-C18 
column (2.7 µm, 4.6×100 mm) and a UV detector at 280 nm. The mobile phase was 60:40 (v/v) 
of acetonitrile anhydrous and 0.1% formic acid in deionized water with a flow rate of 0.75 
mL/min. The UV spectra of six standard NOR solutions are illustrated in Figure 3.3. The 
retention time of NOR in the HPLC was 1.20 ± 0.02 min, similar to that in the literature (Liu 
et al. 2011, Peng et al. 2012). All the measurements were done in triplicate. With high values 
of Pearson correlation coefficient (0.999) and R2 (0.999), the obtained calibration curve (Figure 
3.4) was applied for the NOR adsorption experiments. 
 
 
Figure 3.3 UV spectra of six standard NOR solutions by Agilent 1260 HPLC. 
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Figure 3.4 NOR calibration curve used in this work. 
 
3.8.3 Determination of Nickel Concentration 
Five Ni standard solutions (0, 1, 2, 5, and 10 mg/L) were prepared by dissolving hydrated 
nickel sulfate (NiSO4·6H2O, > 98.9 wt%, Fisher Scientific) into deionized water. Such 
solutions were then analyzed by an instrument of atomic absorption spectroscopy (AAS, 
Aurora Instruments Ltd., AI 1200). All the measurements were done in duplicate, which is 
similar to the previous research (Thevannan et al. 2010). With high values of Pearson 
correlation coefficient (0.996) and R2 (0.993), the obtained calibration curve (Figure 3.5) was 
applied for the nickel adsorption experiments. 
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Figure 3.5 Nickel calibration curve used in this work. 
 
3.8.4 Determination of Total Organic Carbon (TOC) 
Based on the report of “Analysis of Total Organic Carbon” (University of Massachusetts 
2012), six total organic carbon (TOC) standard solutions (0, 100, 200, 300, 400, and 500 mg/L) 
were prepared by dissolving potassium hydrogen phthalate (HOOCC6H4COOK, 204.22 g/mol, 
≥ 99.95 wt%, Sigma-Aldrich) into deionized water. Such solutions were then analyzed by the 
SHIMADZU TOC-VCSH analyzer combing with the ASI-V automatic sampler. All the 
measurements were done in duplicate. The obtained calibration curve is displayed in Figure 
3.6, and the corresponding values of Pearson correlation coefficient and R2 were determined to 
be 0.999 and 0.999, respectively. Therefore, the calibration curve was employed to determine 
the TOC concentration in the suspensions. 
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Figure 3.6 TOC calibration curve used in this work. 
 
3.9 Characterizations of Adsorbents Based on Barley Straw 
The adsorbents based on barley straw were characterized by multiple methods, such as 
particle size distribution, surface area, elemental compositions, scanning electron microscopy, 
and thermogravimetric analysis. To investigate the adsorption mechanisms, the Fourier 
transform infrared spectroscopy (FTIR), the X-ray fluorescence (XRF), and the X-ray 
absorption spectroscopy (XAS) including X-ray absorption near-edge structure (XANES) and 
extended X-ray absorption fine structure (EXAFS) spectroscopy were also performed, and the 
details of sample preparations and measurements were given in the following subsections. 
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3.9.1 Particle Size Distribution 
Pretreated barley straw (PBS, 5% (w/v) H3PO4 impregnation and 9 min 700 W microwave 
heating) was first produced according to the method mentioned in the Section of 3.2. The 
particle size distribution of PBS was measured by the Mastersizer 2000 (Malvern Instruments) 
via a laser diffraction method. The samples (~ 5g) were first dispersed in water and then 
delivered to the optical bench. Many individual detectors were arrayed within the optical bench, 
and each detector captured the light scattering from a particular range of angles. Large particles 
scatter light at small angles relative to the laser beam and small particles scatter light at large 
angles. Once the angular scattering intensity data were obtained, the Mie theory of light 
scattering was used to calculate the size of the particles. The particle size was reported as a 
volume equivalent sphere diameter. 
3.9.2 Brunauer-Emmett-Teller (BET) Surface Area 
The surface area of adsorbents were analyzed by the Micromeritics ASAP 2020 using 
liquid nitrogen at 77 K. The samples (adsorbents based on barley straw, ~0.15 g) were first 
degassed at 383.15 K under vacuum for 6 h. The BET surface area was determined from the 
relative pressure (P/P0) ranged from 0.001 to 0.21. The micropore area and mesopore area were 
calculated by the t-plot method and Barrett-Joyner-Halenda (BJH) method, respectively. 
3.9.3 Scanning Electron Microscopy (SEM)  
A Hitachi ultra-high resolution field emission SEM SU8010 was used to investigate the 
surface topography of adsorbents based on barley straw. PBS (5% (w/v) H3PO4 impregnation 
and 9 min 700 W microwave heating) was produced according to the method mentioned in the 
section of 3.2. The cold field emission gun with small energy spread emitted electrons that 
interact with atoms in the sample surface. Various signals were then derived from such 
electron-sample interaction. Received by the detector, these signals containing sample 
information (e.g., external morphology, crystalline structure, chemical information, and 
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orientation of materials) were consequently converted to ultra-high resolution images. In this 
work, the measurements of PBS and RBS were carried on at 3.3 kV with magnification from 
6000 to 100000 times. 
3.9.4 Elemental Compositions  
The elemental compositions (i.e., carbon, hydrogen, nitrogen, and sulfur) of adsorbents 
based on barley straw were determined through the CHN Analyzer (Elemantar Americas vario 
ELIII). 4-6 mg of sample was put in a tin boat which was placed in the analyzer after being 
fold properly. Sample was burnt in an excess of oxygen in the analyzer, and the combustion 
products were collected in several traps and used to estimate the composition of the sample. 
The results were given in percentage by weight, i.e., wt%.  
3.9.5 Thermogravimetric Analysis (TGA)  
In order to study the influence of 5% (w/v) H3PO4 impregnation on the devolatilization 
characteristics of barley straw at different temperatures, the thermogravimetric analysis (TGA) 
of adsorbents were performed from 298.15 K to 1073.15 K using the TGA 5500 (TA 
Instruments). The sample was continuously weighed by the TGA instrument as it was heated 
with a constant heating rate. Finally, the total weight was plotted against temperature, which 
reveals the physical and chemical properties of the sample.   
3.9.6 Fourier Transform Infrared Spectroscopy  
 A PerkinElmer Spectrum 100 FTIR spectrometer using an ATR mode was employed to 
obtain the FTIR data of the finely ground particles of RBS, PBS, PBS loaded with LEV, PBS 
loaded with NOR, and the powder of pure LEV and NOR. The sample of PBS loaded with 
LEV or NOR was prepared by the following steps: 5.0 ± 0.1 mg PBS was mixed with a 50.0 ± 
0.5 mL LEV solution (C0 = 40 mg/L and pH 6.88 ± 0.03) or NOR solution (C0 = 73 mg/L and 
pH 6.96 ± 0.07), and the mixture was then shaken at 150 rpm in the dark for 168 h. The 
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adsorbents loaded with antibiotics were collected by filtration, washed with deionized water 
for three times, and then freeze-dried. The amount of LEV and NOR loaded on PBS was 
determined to be 347 ± 12 LEV mg/g PBS and 396 ± 19 mg NOR/g PBS, respectively. To 
ensure the quality of the data, the experiments were repeated six times. The FTIR spectra were 
recorded from 500 to 4000 cm-1 over 256 scans. 
3.9.7 X-ray Spectroscopy  
3.9.7.1 XANES Analysis for the Adsorption of Levofloxacin and Norfloxacin on Pretreated 
Barley Straw  
Similar to the Section of 3.9.6, the sample of PBS loaded with LEV or NOR was prepared: 
5.0 ± 0.1 mg PBS was mixed with a 50.0 ± 0.5 mL LEV solution (C0 = 100 mg/L and pH 6.88 
± 0.03) or NOR solution (C0 = 100 mg/L and pH 6.96 ± 0.07), and the mixture was then shaken 
at 150 rpm in the dark for 168 h. The adsorbents loaded with antibiotics were collected by 
filtration, washed with deionized water for three times, and then freeze-dried. There were 408 
± 4 mg LEV or 349 ± 17 mg NOR adsorbed per gram of dry fresh PBS.  
The XANES measurements of adsorption of LEV and NOR on PBS at scanning 
transmission X-ray microscopy (STXM) beamline were conducted at the soft X-ray beamline 
10ID-1 of the Canadian Light Source, which is a 2.9 GeV third-generation synchrotron facility, 
to probe the chemical bonding/interactions between the adsorbate and adsorbent. The selected 
samples (PBS, pure LEV, PBS loaded with LEV, pure NOR, and PBS loaded with NOR) were 
first dispersed in a 95% (w/v) alcohol solution, and were then suspension casted on a Si3N4 
window. To provide with a spatial resolution of 30 nm, a 25 nm outermost-zone plate (CXRO, 
Berkeley Lab) was used. The in-plane polarization dependence of the sample was averaged out 
by a circularly polarized soft X-ray beam generated from the SM elliptically polarized 
undulator (EPU). Over a range of photon energies across the elemental edges of interest, the 
samples were raster-scanned with the synchronized detection of transmitted X-rays to generate 
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the image sequences (stacks). The C K-edge image stacks covered an energy range of 280-310 
eV, with energy steps as fine as 0.15 eV around the XANES peaks and 0.5 eV in the pre-edge 
and the continuum. The energy of O K-edge spectrum ranged from 525 to 560 eV, and the 
energy steps around the XANES peaks and in the pre-edge and the continuum were 0.2 eV and 
0.5 eV, respectively. The XANES spectra of PBS, pure LEV, PBS loaded with LEV, pure NOR, 
and PBS loaded with NOR can be extracted from each pure region in the C and O K-edge 
image stacks. More details on the XANES experimental and data analysis can be found in the 
publications (Chen et al. 2014a, Chen et al. 2014b, Sun et al. 2011). 
3.9.7.2 XRF and XANES Analysis for the Adsorption of Nickel on Pretreated Barley Straw 
The samples of PBS loaded with nickel was prepared according to the description in the 
Section of 3.5. The adsorbent (PBS loaded with nickel) was collected by filtration and washed 
by deionized water for 3 times, then freeze-dried. The amount of nickel loaded on PBS varied 
from 0 mg/g to 57.0 mg/g. 
XRF and XAS measurements of the adsorption of nickel on PBS were carried on the Very 
Sensitive Elemental and Structural Probe Employing Radiation from a Synchrotron (VESPERS) 
beamline at the Canadian Light Source in Saskatoon, Saskatchewan, Canada (Feng et al. 2010, 
Feng et al. 2007). For XRF measurements, the X-ray beam with an incident energy of 10 keV 
was employed to excite the sample. The emitted XRF spectrum was recorded by a 4-element 
Vortex® silicon drift detector, which mainly contains Ni Kα and Kβ characteristic emission lines. 
Ni K-edge X-ray absorption near edge structure (XANES) and extended X-ray absorption fine 
structure (EXAFS) spectroscopy were measured using fluorescence mode with a double crystal 
Si (111) monochromator. Energy calibration was performed with a nickel metal foil (K-edge 
at 8333 eV). All experiments were carried out under ambient conditions. The obtained XANES 
and EXAFS data were analyzed by the free software IFEFFIT, which is a suite of interactive 
programs for XAS analysis (Newville 2001). IFEFFIT combines high-quality and well-tested 
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XAS analysis algorithms, tools for general data manipulation, and graphical display of data 
(Ravel and Newville 2005). The collected data were Fourier transformed over the k-region of 
3-12 Å-1 with k2 weighting. The fitting was performed in k-space yielding optimal values for 
the coordination numbers (CN), atomic distance (r), Debye-Waller factors (σ2), and R-factor 
that represents the relative error of the crystallographic model fitting results to the experimental 
data. 
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CHAPTER 4 PREPARATION AND CHARCTERIZATIONS OF 
ADSORBENTS BASED ON BARLEY STRAW 
In this chapter, pretreated barley straw (PBS) was made from raw barley straw (RBS) by 
H3PO4 impregnation and microwave (MW) heating. Because H3PO4 impregnation 
concentration and MW radiation time in the pretreatment are the most important factors, the 
influence of these parameters on the PBS pore size distribution and surface area were 
investigated. Furthermore, using the quantitative data (H3PO4 impregnation concentration, 
MW radiation time, and Brunauer-Emmett-Teller (BET) surface area of PBS) obtained from 
the designed experiments, the response surface methodology (RSM) was used for multiple 
regression analysis (MRA) to further evaluate the correlation between the BET surface area (Y) 
and the H3PO4 impregnation concentration (X1) and MW radiation time (X2), and to optimize 
the preparation process. In addition, the adsorbents based on barley straw were characterized 
by multiple methods, such as particle size distribution, elemental compositions, scanning 
electron microscopy (SEM), and thermogravimetric analysis (TGA). 
4.1 Preparation of Adsorbents Based on Barley Straw 
Generally, a good adsorbent must have a reasonably high surface area and a relatively 
larger porous network for the transport of adsorbate, which means the adsorbent must have a 
suitable combination of micropores and macropores. According to the IUPAC (International 
Union of Pure and Applied Chemistry 1991), the pore of a solid material can be divided into 
three groups: micropore (< 2 nm), mesopore (2-50 nm), and macropore (> 50 nm). As such, 
the high value of BET surface area and suitable pore surface area distribution were set as the 
major criteria to optimize the preparation conditions, i.e., the concentration of H3PO4 
impregnation and MW radiation time. 
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4.1.1 Effect of H3PO4 Impregnation Concentration and Microwave Radiation Time on 
Surface Area and Pore Size Distribution 
The pore surface area distribution (determined by the t-plot method and Barrett-Joyner-
Halenda (BJH) adsorption method) of PBS prepared at different H3PO4 impregnation 
concentrations are presented in Figure 4.1. The results showed that PBS made from RBS 
contained micropores, mesopores, and macropores, and that the concentration of H3PO4 
significantly affected the surface area distribution of PBS. 
 
 
Figure 4.1 Effect of H3PO4 impregnation concentration on the surface area distribution of PBS. 
 
Without H3PO4 impregnation, the BET surface area of PBS heated in the MW for 9 min 
was just 4 m2/g including 1.0 m2/g micropore, 0.2 m2/g mesopore, and 2.8 m2/g macropore, 
which are almost invisible in Figure 4.1 because of the low values. The micropore, mesopore, 
and macropore volume of RBS was not given in Figure 4.1 since the surface area of RBS (2 
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m2/g) was too small to detect these data. When RBS was impregnated by the 5% (w/v) H3PO4 
solution, the micropore surface area of PBS significantly increased followed by mesopore and 
macropore area. The results demonstrated that H3PO4 played a significant role on improving 
the porosity of RBS, which led to the largely increased surface area. Xie and Jagtoyen’s work 
also proved that H3PO4 facilitated the development of new micropores and enlarged the 
existing micropores to mesopores via promoting the release of volatiles (Jagtoyen and 
Derbyshire 1998, Xie et al. 2013). However, when the H3PO4 impregnation concentration was 
continuously increased to 10% (w/v) H3PO4, the micropore area decreased, mesopore and 
macropore areas increased, and mesopore consequently became the dominant pore. As the 
H3PO4 impregnation concentration was further increased to 20% (w/v), micropore, mesopore, 
and macropore areas dramatically decreased. The porous structure of PBS may be destroyed at 
the high H3PO4 concentrations. Such results indicated that higher portion of micropores and 
higher porosity of PBS were achieved by impregnating RBS at 5% (w/v) H3PO4. Table 4.1 
further presents the effect of H3PO4 impregnation concentration on the total BET surface area 
of PBS. As given in Table 4.1, RBS had a total BET surface area of 2 m2/g. Although RBS was 
heated for 9 min (but without H3PO4 impregnation), the total BET surface area was just 4 m2/g. 
However, with 5% (w/v) H3PO4 impregnation, the surface area was significantly increased to 
1314 ± 10 m2/g. When the concentration of H3PO4 was further increased to 25% (w/v), the 
surface area decreased from 1314 m2/g to 105 m2/g. Because a higher surface area was 
preferred, impregnating RBS in a 5% (w/v) H3PO4 solution was favored.  
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Table 4.1 BET surface area values of PBS prepared at different H3PO4 impregnation 
concentrations. 
H3PO4 impregnation  MW BET surface 
area, 
m2/g 
Concentration, 
% (w/v) 
Time, 
h 
 
Power, 
W 
Radiation time, 
min 
0 0  0 0 2 
0 24  700 9 4 
5 24  700 9 1314 ± 10 
10 24  700 9 1231 
15 24  700 9 1144 
20 24  700 9 934 
25 24  700 9 105 
Note: Coefficient of variation of the BET surface area measurement is less than 1%. 
 
Apart from H3PO4 impregnation concentration, MW radiation time is another important 
factor affecting surface area development of PBS. Compared with a traditional furnace, using 
a MW to heat saved energy and time (Waheed ul Hasan and Ani 2014). In this experiment, the 
radiation time in a MW of 700 W was varied from 2 min to 10 min while the impregnation 
concentration of H3PO4 was kept at 5% (w/v). Due to unsatisfactory results of the samples 
obtained at heating time less than 8 min in terms of BET surface area, only results achieved at 
8 min and above are listed in Table 4.2. The results revealed that as the MW radiation time was 
increased from 8 min to 9 min, the BET surface area increased from 1167 m2/g to 1314 m2/g, 
then decreased to 1189 m2/g when the MW radiation time was further increased to 10 min. 
Similar change of surface area was also observed in the case of 10% (w/v) H3PO4 impregnation 
concentration. Thus, 9 min resulting in a higher BET surface area was chosen as the optimal 
MW radiation time at the tested conditions. 
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Table 4.2 BET surface area values of PBS at different MW radiation times. 
MW  H3PO4 impregnation 
BET surface area, 
m2/g 
Power, 
W 
Radiation time, 
min 
 
Concentration, 
% (w/v) 
Time, 
h 
700 8  5 24 1167 
700 9  5 24 1314 ± 10 
700 10  5 24 1063 
700 8  10 24 909 
700 9  10 24 1231 
700 10  10 24 1189 
Note: Coefficient of variation of the BET surface area measurement is less than 1%. 
  
SEM images of PBS (5% (w/v) H3PO4 impregnation with 9 min MW heating) and RBS 
were taken to compare their external morphology. Figure 4.2 reveals that PBS had a highly 
porous surface with cracks, channels, and large holes in comparison with RBS. PBS may 
possess a potentially high adsorption capacity due to the well-developed porous structure. 
Consequently, at the tested experimental conditions, 5% (w/v) H3PO4 impregnation 
concentration and 9 min MW radiation time were more appropriate to produce PBS with a 
higher surface area and an enhanced porous structure. 
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Figure 4.2 SEM images of PBS and RBS: a) RBS, magnification time 6000; b) PBS, 
magnification time 6000; c) RBS, magnification time 10000; d) PBS, magnification time 10000; 
e) PBS, magnification time 100000. 
 
4.1.2 Multiple Regression Analysis 
Based on the above mentioned results, the BET surface area of the developed adsorbent as 
a function of impregnation concentration of H3PO4 and MW radiation time was modeled by a 
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statistical modeling technique called multiple regression analysis (MRA). In this study, using 
quantitative data obtained from the designed experiments, the response surface methodology 
(RSM) was used for MRA to simultaneously evaluate multivariate equations. This method was 
firstly introduced by G. E. P. Box and K. B. Wilson in 1951 (Box and Wilson 1951). RSM was 
used to investigate the relationship between the independent variables and dependent variables 
(responses variables) and to determine the most critical factors by a polynomial model 
(Murphey and Pardalos 2002).  
A second-degree polynomial model is presented in Eq. (4.1):  
𝑌𝑌 = 𝐵𝐵0 + ∑ 𝐵𝐵𝑖𝑖𝑋𝑋𝑖𝑖𝑓𝑓𝑖𝑖=1 + ∑ 𝐵𝐵𝑖𝑖𝑖𝑖𝑋𝑋𝑖𝑖2𝑓𝑓𝑖𝑖=1 + ∑ ∑ 𝐵𝐵𝑖𝑖𝑖𝑖𝑋𝑋𝑖𝑖𝑓𝑓𝑖𝑖=2𝑓𝑓−1𝑖𝑖=1 𝑋𝑋𝑖𝑖                               (4.1) 
where Y is the predicted response, Xi, Xj are the real value of the independent variable, B0 is a 
constant, Bi is the linear coefficient, Bii is the quadratic coefficient, Bij is the interaction 
coefficient, and f is the number of factors (Sahu et al. 2010). 
In this work, Eq. (4.1) was used to model the predicted response BET surface area (Y) of 
PBS as a function of the independent variables impregnation concentration of H3PO4 (X1) and 
MW radiation time (X2). MATLAB was used for the regression analysis, such as analysis of 
variance (ANOVA) and model fitting. 
As listed in Table 4.3, the F Statistic values of H3PO4 impregnation concentration, MW 
radiation time and interaction were 51317, 6763, and 1111 that were far greater than 1. 
Moreover, the p-values of H3PO4 impregnation concentration and MW radiation time were far 
less than 0.05. Such results indicated that both H3PO4 impregnation concentration and MW 
radiation time had significant effect on the BET surface area of PBS. In addition, the p-value 
of interaction was far less than 0.05, which meant that the interaction between H3PO4 
impregnation concentration and MW radiation time was significant, too. 
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Table 4.3 ANOVA analysis of the effect of H3PO4 impregnation concentration and MW 
radiation time on BET surface area.  
 H3PO4 
impregnation 
concentration 
MW  
radiation time 
Interaction 
SS* 4775871 314698.95 206761.35 
F  51317 6763 1111 
p 8.08E-31 6.81E-23 2.23E-19 
* SS   the sum of the squared deviations 
 
The modeling results of BET surface area (Y) versus H3PO4 impregnation concentration 
(X1) and MW radiation time (X2) are illustrated in Figure 4.3. The values of coefficient of 
determination (R2) and root-mean-square error (RMSE) were determined and presented in 
Table 4.4. The cubic polynomial model that is a third order response model and considers 
interaction of the two parameters demonstrated a better correlation with the experimental data. 
With a higher value of R2 (0.998), the cubic polynomial model might be applied to predict the 
BET surface area of PBS at a specific H3PO4 impregnation concentration and MW radiation 
time. 
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Figure 4.3 Modeling of BET surface area (Y) versus H3PO4 impregnation concentration (X1) 
and MW radiation time (X2). 
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Table 4.4 Modeling results of BET surface area (Y) versus H3PO4 impregnation 
concentration (X1) and MW radiation time (X2). 
Regression  
model 
Equation R2 RMSE 
Linear 
polynomial 
Y = 649.8287-48.1506X1+99.2917X2 0.757 245 
Full 
quadratic 
polynomial 
Y = -14487+25.8454X1+3454.5X2-3.5976X1X2-        
3.6678X12-191.6163X22 
0.954 135 
Cubic 
polynomial 
Y = -6544-1368X1+2207X2+37.82X12+196.5X1X2- 
144.1X22-0.3422X3-3.027X12X2-6.323X1X23 
0.998 48 
 
Among the tested conditions, PBS made from RBS at 5% (w/v) H3PO4 impregnation and 
9 min MW (700 W) heating demonstrated the highest surface area (1314 ± 10 m2/g) and a well-
developed porous structure. Moreover, the total organic carbon (TOC) released into 
suspensions from the adsorbents significantly reduced from 34.4 ± 0.9 mg/g (RBS) to 0.9 ± 0.2 
mg/g (PBS, 5% (w/v) H3PO4 impregnation and 9 min MW heating) indicating enhanced 
stability of PBS. Thus PBS made from RBS at 5% (w/v) H3PO4 impregnation and 9 min MW 
(700 W) heating was chosen for further characterizations as follows. 
4.2 Characterizations of Adsorbents Based on Barley Straw 
4.2.1 Particle Size Distribution  
The particle size distribution of PBS (5% (w/v) H3PO4 impregnation and 9 min MW 
heating) was measured and presented in Figure 4.4. The volume mean diameter was 316 μm, 
and the median was 251 μm. 10% of the population have a diameter smaller than 83 μm, and 
90% have a diameter smaller than 651 μm.  
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Figure 4.4 Particle size distribution of PBS made from RBS (0.425-1.18 mm) at 5% (w/v) 
H3PO4 impregnation and 9 min MW heating. 
 
4.2.2 Elemental Analysis 
The major elements of PBS compared with RBS were analyzed by a CHN Analyzer, and 
the results are given in Table 4.5. It showed that the weight percentage (wt%) of carbon (C), 
hydrogen (H), nitrogen (N), and sulfur (S) of RBS were 42.0, 5.9, 1.5, and 0.2, respectively. It 
has been reported that cellulose (31-34 wt%), hemicelluloses (24-29 wt%), and lignin (14-15 
wt%) were the main organic constitutes that were nearly 78 wt% of the total weight of RBS 
(Ch. Teas et al. 2001), and that the ash content was found to be 9.8% ( P, 1.7%; Mg, 1.6%; Fe, 
0.3%; Al, 0.3%) (Thevannan et al. 2010). C, H, N, and S determined in this work were the 
major elements of the aforementioned organic components. 
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Table 4.5 The elemental analysis and BET surface area of RBS and PBS. 
Adsorbent 
H3PO4
, 
(w/v) 
MV 
time, 
min 
Elemental analysis,  
wt% 
BET 
surfaces 
area, m2/g C H N S 
RBS 0 0 42.0 ± 0.2 5.9 ± 0.3 1.5 ± 0.1 0.2 ± 0.1 2 
PBS1 5% 8 68.1 ± 0.2 1.9 ± 0.2 1.9 ± 0.0 0.1 ± 0.0 1166 
PBS2 5% 9 68.9 ± 0.4 1.7 ± 0.2 2.1 ± 0.0 0.1 ± 0.0 1314 ± 10 
PBS3 5% 10 65.0 ± 0.0 1.9 ± 0.1 2.2 ± 0.0 0.1 ± 0.0 1189 
PBS4 15% 9 63.8 ± 1.0 2.4 ± 0.1 1.0 ± 0.0 0.1 ± 0.0 1145 
PBS5 25% 9 60.5 ± 0.2 3.3 ± 0.0 0.6 ± 0.4 0.0 ± 0.0 105 
 
Compared with RBS, the carbon content of PBS increased as impregnated by a 5% (w/v) 
H3PO4 solution. However, further increase of H3PO4 concentration decreased the carbon 
content of PBS from (68.9 ± 0.4)% to (60.5 ± 0.2)%. In addition, the MW radiation time slightly 
affected the carbon contents of PBS in the tested range. The carbon content slightly increased 
from (68.1 ± 0.2)% to (68.9 ± 0.4)% as the MW radiation time was increased from 8 min to 9 
min, then decreased to (65.0 ± 0.0)% with increase in the MW radiation time to 10 min. Thus 
heating time over 10 min is not favored. Moreover, the carbon content of PBS was found to be 
associated with the BET surface area: the higher the carbon content, the higher the BET surface 
area. As discussed before, the main organic constitutes of RBS were cellulose, hemicelluloses, 
and lignin, which are nearly 78% of the total weight of RBS and contain function groups such 
as -C=C-, -CH2OH, and -OH. It has been considered that H3PO4 may promote dehydration and 
condensation reactions in celluloses, hemicelluloses, and lignin (Jagtoyen and Derbyshire 
1998). 
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4.2.3 Thermogravimetric Analysis  
To investigate the effect of H3PO4 on devolatilizing barley straw, thermogravimetric 
analysis (TGA) was done on barley straw with and without 5% (w/v) H3PO4 impregnation. The 
results are illustrated in Figure 4.5. It’s obvious that with the addition of H3PO4, the 
devolatilization temperature of barley straw greatly decreased compared with that of barley 
straw without H3PO4 impregnation. There were two steps observed in significant weight loss 
of barley straw impregnated by H3PO4. Step 1 was from 298.15 K to 523.15 K and step 2 was 
from 523.15 K to 723.15 K. The weight loss at 323.15 K can be explained by the loss of 
carboxyl and methyl groups from hemicelluloses as per the analysis of hardwoods by Jagtoyen, 
Derbyshire, and Solum (Jagtoyen and Derbyshire 1993, 1998, Solum et al. 1995). Substantial 
reactions of cellulose and formation of ketenes began at 373.15 K, which produced CO, CO2, 
and CH4 (as a result of the loss of aliphatic, carboxyl, and carbonyl groups). At higher 
temperatures (523.15-723.15 K), the weight of barley straw impregnated by H3PO4 sharply 
dropped. This could be attributed to that H3PO4 is an effective flame retardant for cellulose, 
and it can form ester linkage with -OH groups on cellulose (Katsuura and Inagaki 1975).  
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Figure 4.5 TGA analysis of barley straw with or without 5% (w/v) H3PO4 impregnation. 
 
As these reactions proceeding, formation of micropore, mesopore, and macropore took 
place. An expansion process was driven by the formation of phosphate esters, which left the 
matrix in an expanded state with an accessible porous structure. H3PO4 may stabilize the 
structure of cellulose by inhibiting the formation of levoglucosan (Jagtoyen and Derbyshire 
1998). In addition, the removal of carbon and light hydrocarbon gases (e.g., CO, CO2, and CH4) 
may also contribute the diverse porous structure of PBS. 
4.3 Chapter Summary 
PBS with a high surface area (1314 ± 10 m2/g) and well-developed porous structure was 
made from RBS by 5% (w/v) H3PO4 impregnation and 9 min MW (700 W) heating. Moreover, 
the total organic carbon (TOC) released into suspensions from the adsorbents significantly 
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reduced from 34.4 ± 0.9 mg/g (RBS) to 0.9 ± 0.2 mg/g (PBS) indicating an enhanced stability 
of PBS. Both H3PO4 and MW radiation time played important roles on enhancing the surface 
area of PBS. The MRA modeling results demonstrated the high correlation between the surface 
area of PBS and the H3PO4 concentration and MW radiation time. The two factors also 
interacted with each other. With high value of R2, the cubic polynomial model might be applied 
to predict the BET surface area of PBS at specific H3PO4 impregnation concentrations and MW 
radiation times. The obtained PBS was then characterized by multiple methods, such as particle 
size distribution, elemental compositions, SEM, and TGA analysis. The volume mean diameter 
of PBS was 316 μm, and the median was 251 μm. 10% of the population have a diameter 
smaller than 83 μm, and 90% have a diameter smaller than 651 μm. C 68.9%, H 1.7%, N 2.1%, 
and S 0.1% were the major elements of PBS. With the addition of H3PO4, the devolatilization 
temperature of barley straw greatly decreased compared with that of barley straw without 
H3PO4 impregnation. 
In regards to consideration of sustainability, H3PO4 solution used in the impregnation of 
raw barley straw could be recycled and reused in the pretreatment of barley straw. In addition, 
continuing reducing the MW energy used in the pretreatment process could form an area of 
future research.  
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CHAPTER 5 ADSORPTION OF LEVOFLOXACIN ON 
PRETREATED BARLEY STRAW 
Among the fluoroquinolone (FQ) antibiotics, levofloxacin (LEV) is a new kind but already 
widely used FQ antibiotic, which acts by inhibiting bacterial DNA gyrase enzyme required for 
DNA replication (Yamashita et al. 2006). Figure 5.1 shows the molecular structure and charge 
state of LEV (Sousa et al. 2012). In 2011, more than 55 tons of LEV were used for human 
medicine in the U.S., and it ranked second in the FQs’ consumption (Food and Drug 
Administration 2012). However, LEV is not completely metabolized by humans and animals, 
nor can it be completely removed during wastewater treatment using current technologies, and 
eventually it is discharged into the environment. There is a need to effectively remove LEV 
from water bodies and streams to ensure the adequately treated effluent quality for various uses 
and to protect human health. 
 
 
Figure 5.1 Molecular structure and pH-dependent speciation of LEV. 
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Adsorption has been proposed as one of the most effective technologies for removing 
contaminants from aquatic systems. In this chapter, the pretreated barley straw (PBS) was used 
as an adsorbent for LEV removal from the artificial wastewater at various solution pH and 
temperatures. The adsorption kinetics and equilibrium involved in the adsorption processes 
were investigated at different initial LEV concentrations, solution pH, and solution 
temperatures. The Langmuir-Freundlich model was applied to simulate the equilibrium LEV 
adsorption data. Site energy and its distribution function were determined to analyze the 
interaction strength between the adsorbent and adsorbate and to depict the adsorption site 
energetical heterogeneity. The electron-donor-acceptor (EDA) interactions between the 
aromatic groups (electron-donors) of PBS and the benzene rings (electron-acceptors) of LEV 
molecules were investigated with the aid of C K-edge X-ray absorption near-edge structure 
(XANES) spectroscopy.  
5.1 Adsorption Kinetics 
5.1.1 Effect of Contact Time 
Adsorption kinetics is of importance to affect the adsorption. Figure 5.2 demonstrates the 
effect of contact time on LEV adsorption by PBS at different initial LEV concentrations. At all 
the tested conditions, a rapid adsorption of LEV was observed at the first 12 h, then a slower 
adsorption process followed until equilibrium was reached. The phenomenon was similar to 
that of LEV adsorption by iron-pillared montmorillonite (Liu et al. 2015). The initial rapid 
adsorption may be due to the fast surface adsorption, then followed by a slower internal 
diffusion. Moreover, at lower initial LEV concentrations of 10 mg/L and 20 mg/L, the 
equilibrium LEV adsorption capacities of PBS were achieved in 72 h, while at higher initial 
LEV concentrations of 40 mg/L and 100 mg/L, 168 h were required to reach the adsorption 
equilibrium. Therefore, 168 h was set as the contact time for isotherm studies. 
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Figure 5.2 Effect of contact time on LEV adsorption by PBS.  
50.0 ± 0.5 mL LEV solution, 5.0 ± 0.1 mg PBS, pH = 6.88 ± 0.03, and 298.15 ± 0.50 K. Error 
bars represent standard deviation. 
 
In addition, as shown in Figure 5.3, at lower LEV concentrations of 10 mg/L and 20 mg/L 
(298.15 K), the values of removal ratio of LEV by PBS with reference to initial amount of LEV 
were determined to be 98% and 97%, respectively. When the LEV concentration was 
continuously increased to 40 mg/L and 100 mg/L, the values of removal ratio decreased to 
88.68% (40 mg/L) and 40.13% (100 mg/L), while the equilibrium adsorption capacities (qe) 
increased to 347 mg/g (40 mg/L) and 408 mg/g (100 mg/L). This indicated that the LEV 
removal efficiency highly depended on the initial LEV concentration if the rest conditions were 
kept constant.  
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Figure 5.3  Equilibrium adsorption capacity qe and removal ratio of LEV by PBS versus initial 
LEV concentration C0.  
50.0 ± 0.5 mL LEV solution, 5.0 ± 0.1 mg PBS, pH = 6.88 ± 0.03, and 298.15 ± 0.50 K. Error 
bars represent standard deviation. 
 
5.1.2 Analysis of Activation Energy 
To determine the activation energy of the adsorption of LEV on PBS, the adsorption kinetic 
experiments were conducted at different solution temperatures, and the kinetic data are plotted 
in Figure 5.4a. The results demonstrated that the adsorption rate of LEV on PBS and the 
equilibrium LEV adsorption capacity of PBS increased with increase in the temperature.  
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Figure 5.4 Kinetic analysis of LEV adsorption on PBS at different temperatures: a) effect of 
solution temperature; b) pseudo-second-order kinetic fitting; c) analysis of activation energy.  
50.0 ± 0.5 mL LEV solution (C0 = 40 mg/L), 5.0 ± 0.1 mg PBS, and pH 6.88 ± 0.03. Error bars 
represent standard deviation. 
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The pseudo-second-order kinetic model was used to fit the kinetic data obtained at 
different temperatures, and the corresponding fitting curves are displayed in Figure 5.4b. The 
fitting results along with corresponding values of coefficient of determination (R2) and residual 
sum of square (RSS) were listed in Table 5.1. With high values of coefficient of determination 
(R2>0.999), the obtained values of qe,cal and k at 298.15, 308.15, and 318.15 K were 357, 365, 
and 390 mg/g, and 4.31×10-4, 7.70×10-4, and 1.38×10-3 g/(mg·h), respectively. Furthermore, 
the initial rate of LEV adsorption on PBS (calculated from kqe2) was 55.04 mg/(g·h) (40 mg/L, 
pH 6.88, and 298.15 K). This may be due to the well-developed porous structure (revealed by 
the SEM image on page 59 and high specific surface area 1314 ± 10 m2/g) and modified 
functional groups of PBS. Moreover, the initial rate of LEV adsorbed on PBS increased from 
55.04 mg/(g·h) to 102.56 and 210.97 mg/(g·h) as the temperature was increased from 298.15 
K to 308.15 and 318.15 K (40 mg/L and pH 6.88). Temperature may affect the adsorption 
kinetics: 1) the adsorption driving force (𝑞𝑞𝑒𝑒 − 𝑞𝑞𝑑𝑑) increased due to the increase of equilibrium 
adsorption capacity qe with increasing temperature; 2) the adsorption rate constant k increased 
as the temperature was increased. The influence of the temperature on adsorption rate constant 
k can be quantified by the Arrhenius equation. 
 
Table 5.1 Kinetic parameters for the adsorption of LEV on PBS 
Experimental  Pseudo-second-order kinetic model 
T, 
K 
C0, 
mg/L 
qe, 
mg/g 
  
qe,cal, 
mg/g 
k, 
g/(mg·h) 
R2 
RSS*, 
(mg/g)2 
298.15 40 347   357 4.31×10-4 0.999 5249 
308.15 40 358   365 7.70×10-4 0.999 5784 
318.15 40 369   390 1.38×10-3 0.999 77961 
* RSS   residual sum of squares, (mg/g)2 
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The linearized Arrhenius equation (Eq. (2.3), Chapter 2, and page 33) was used to 
determine the activation energy (Figure 5.4c), which was 45.9 kJ/mol. The energy of activation 
for a physical adsorption is usually no more than 1 kcal/mol (equivalent to 4.2 kJ/mol). The 
obtained value of activation energy 45.9 kJ/mol in this work suggested that LEV was primarily 
adsorbed on PBS via chemical adsorption (Smith 1970, Unuabonah et al. 2007).  
5.2 Adsorption Equilibrium 
5.2.1 Effect of Solution pH 
5.2.1.1 Levofloxacin Equilibrium Adsorption on Pretreated Barley Straw in a Wide Range of 
Solution pH 
It is well known that solution pH affects the charge state of adsorbent and the speciation 
of adsorbate, therefore the adsorption process. The effect of solution pH on LEV adsorption 
was examined by varying the pH from 2.47 ± 0.05 to 9.60 ± 0.05 (final pH) at an initial LEV 
concentration 40 mg/L and 298.15 ± 0.50 K. Figure 5.5 shows that as solution pH was increased 
from 2.47 ± 0.05 to 6.88 ± 0.03, LEV adsorption increased, then decreased when solution pH 
was continuously increased to 9.60 ± 0.05. However, the difference of equilibrium LEV 
adsorption capacities of PBS at different pH was not significant, and all of the qe values were 
above 294 mg/g (pH = 2.47 ± 0.05). The results demonstrated its broad applicability in a wide 
range of solution pH. Among the tested pH values, pH 6.88 ± 0.03 had the highest value of qe 
(347 ± 12 mg/g). Thus, such pH value was chosen as the equilibrium solution pH for isotherm 
studies. 
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Figure 5.5 Effect of solution pH on LEV adsorption by PBS. 
50.0 ± 0.5 mL, 40 mg/L LEV solution, 5.0 ± 0.1 mg PBS, contact time 168 h, and 298.15 ± 
0.50 K. Error bars represent the standard deviation. 
  
 
Figure 5.6 Determination of point of zero net charge of PBS and RBS. 
20.0 ± 0.2 mL solution, 40 ± 2 mg PBS or RBS, contact time 24 h, and 298.15 ± 0.50 K. Error 
bars represent the standard deviation. 
 
According to method mentioned in the Section of 3.3, the PZNC values of PBS and RBS 
were determined to be 4.10 and 5.90 (Figure 5.6), respectively. As solution pH was lower than 
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4.10, PBS was positively charged, otherwise negatively charged (pH > 4.10). In addition, LEV 
had two values of dissociation constant via its tertiary amine group (pKa2 = 8.15) and carboxyl 
group (pKa1 = 6.02), and it can be positively charged (pH < 6.02), negatively charged (pH > 
8.15) and zwitterionic (pH 6.02-8.15) (Sousa et al. 2012). As shown in Figure 5.5, at pH 4.10-
6.02, LEV had more positively charged groups than negatively charged groups, while PBS was 
negatively charged. LEV cations could be bonded to PBS via electrostatic attraction. As a result, 
LEV adsorption increased as solution pH was increased. Thus, electrostatic attraction was 
expected to play a role in the adsorption process. 
LEV molecules and PBS surface had the same net charge and could repel each other at a 
pH < 4.10 and pH > 8.15. If the pH-dependent electrostatic attraction was the major mechanism, 
adsorption of LEV on PBS was expected to be significantly depressed. However, the qe values 
at the acidic pH 2.47 and basic pH 9.60 were 294 mg/g and 314 mg/g, respectively, and the 
variation of LEV adsorption capacity in the pH range (2.47-9.60) was less than 15.3% using 
the highest qe value achieved at pH 6.88 as a reference. It indicated that the pH-dependent 
electrostatic interaction between LEV and PBS influenced the adsorption process of LEV on 
PBS, but it may not be the principal mechanism. Other adsorption mechanism could be the 
dominant one. 
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Figure 5.7 FTIR spectra of RBS, PBS, LEV, and PBS loaded with LEV (qe = 347 ± 12 mg/g). 
 
The FTIR measurements were performed for RBS, PBS, LEV, and PBS loaded with LEV, 
and the corresponding spectra are presented in Figure 5.7. The peak at 653 cm-1 on the spectrum 
of LEV could be attributed to the aromatic C-H bending of LEV, and it again appeared on the 
spectrum of PBS loaded with LEV, which indicated that LEV was successfully adsorbed by 
PBS. In addition, the peak at 783 cm-1 which can also be attributed to aromatic C-H bending 
(Pawlak and Pawlak 1997) appeared on the spectra of RBS, PBS, LEV, and PBS loaded with 
LEV. RBS contains lignin which has aromatic groups. After the pretreatment, such groups still 
existed. LEV also has a benzene ring as shown in Figure 5.1. Furthermore, the peak at 1428 
cm-1 for C-H deformation on the spectrum of RBS disappeared on that of PBS and PBS loaded 
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with LEV. PBS was made from RBS by phosphoric acid impregnation with heating. Some of 
the C-H bond of RBS may be oxidized thus the peak was invisible on the spectrum of PBS.  
It was also observed that a trough with an approximate centre at 2978 cm-1 for carboxylic 
O-H bond stretching appeared on the spectrum of PBS, which indicated that carboxyl groups 
were created on PBS. This may explain the decrease of PZNC from 5.9 (RBS) to 4.1 (PBS). 
Furthermore, a broad trough with an approximate centre at 3712 cm-1 for O-H stretching also 
appeared on the spectrum of PBS implying that hydroxyl groups existed on PBS. The intensity 
of the aforementioned two troughs representing carboxyl and hydroxyl groups reduced on the 
spectrum of PBS loaded with LEV, which indicated that these groups may participate in the 
binding of PBS and LEV. 
The carboxyl groups (-COO-) and hydroxyl groups (-O-) on adsorbent surface have been 
considered to serve as strong n-electron-donors (Chen et al. 2008, Qu et al. 2008). In addition, 
the aromatic rings on adsorbent surface could also work as strong π-electron-donors as the 
number of associated rings increased (Keiluweit and Kleber 2009). The benzene ring of LEV 
can function as a π-electron-acceptor due to the strong electron withdrawing ability of the 
fluorine group (Keiluweit and Kleber 2009, Wang et al. 2010c). Thus, the benzene ring of LEV, 
and the carboxyl, hydroxyl, and aromatic groups of PBS revealed by the FTIR spectra may 
build the n-π and π-π electron-donor-acceptor (EDA) pairs. EDA interactions could be one of 
the predominant mechanisms for LEV adsorption on PBS. The type of bonds was not 
significantly affected by moderate solution pH, and may explain the significantly high LEV 
adsorption capacity of PBS in a wide range of solution pH (2.47-9.60). A similar mechanism 
has been reported in the analysis of NOR adsorption on carbon nanotubes (Wang et al. 2010c). 
The occurrence of EDA interactions was further investigated in the Section of 5.5.   
Because of the existence of carboxyl and hydroxyl groups on PBS, PBS surface and LEV 
molecules may be charged dependent on the solution pH, as shown in Figure 5.5. As a result, 
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electrostatic attraction between the aforementioned functional groups on PBS and LEV 
molecules could be another adsorption mechanism, which was confirmed by the effect of pH 
on LEV adsorption capacity of PBS. However, the contribution of such mechanism may not 
be the major one since the effect of solution pH on LEV adsorption capacity was insignificant.  
 Furthermore, the surface oxygen-containing functional groups including -OH and -COOH 
of PBS might form hydrogen bonds (H-bonds) with C=O and O-H groups of LEV molecule 
(Hickey and Passino-Reader 1991), which might be supported by the fact that the intensity of 
the two troughs representing carboxyl and hydroxyl groups on the FTIR spectrum of PBS 
reduced after the adsorption of LEV. H-bonds have been reported in the adsorption of 
norfloxacin (Wang et al. 2010c) and substituted aromatics by carbon nanotube (Lin and Xing 
2008) and the adsorption of aromatic compounds on soil (Zhu et al. 2004). In the study of 
aromatic compounds adsorption on soil, solution pH was found having more significant effect 
on adsorption of 2-nonanol and 2-nonanone on soil, the lower the value of solution pH, the 
lower the adsorption capacity (Zhu et al. 2004). Clearly, further study is required to evaluate 
the importance of hydrogen bond in the LEV-PBS adsorption process, although H-bond was 
reported as an insignificant role for the adsorption of substituted aromatics and carbon 
nanotubes (Lin and Xing 2008). 
5.2.1.2 Levofloxacin Adsorption Isotherms at Various Solution pH 
The experimentally obtained LEV adsorption isotherms of PBS at pH values of 4.03 ± 
0.02, 6.88 ± 0.03, and 9.63 ± 0.09 are presented in Figure 5.8. Again, it was confirmed that the 
equilibrium capacity at pH 6.88 was superior to those achieved at acidic or basic pH values. 
The Langmuir-Freundlich model (Eq. (2.4), Chapter 2, and page 34) was used to simulate the 
adsorption isotherms, and the fitting results are given in Table 5.2. The Langmuir-Freundlich 
model successfully described the LEV equilibrium data with high values of coefficient of 
determination R2. The obtained values of qm, b, and n at pH 6.88, 4.03, and 9.63 were 417, 414, 
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and 384 mg/g, 1.10, 0.57, and 0.67 L/mg, and 1.04, 0.78, and 0.86, respectively. It has been 
reported that the n value is indicative of the surface site heterogeneity of the adsorbent, and the 
lower the value of “n”, the stronger the heterogeneity (Cerofolini and Rudziński 1997). 
Therefore, such n values demonstrated a weaker heterogeneity at the neutral pH, which was 
further discussed in the later analysis of adsorption site energy distribution. 
 
 
Figure 5.8 LEV adsorption isotherms of PBS at different solution pH.  
50.0 ± 0.5 mL LEV solution, 5.0 ± 0.1 mg PBS, IS<0.02 M, and 298.15 ± 0.50 K. Error bars 
represent standard deviation. 
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Table 5.2 Fitting results of the LEV adsorption on PBS at different solution pH. 
Temperature, 
K 
pH 
Langmuir-Freundlich model 
qm, 
mg/g 
b, 
L/mg 
n R2 
RSS, 
(mg/g)2 
298.15 ± 0.50 4.03 ± 0.02 414 ± 24 0.57 ± 0.07 0.78 ± 0.13 0.992 548 
298.15 ± 0.50 6.88 ± 0.03 417 ± 25 1.10 ± 0.36 1.04 ±  0.33 0.974 2525 
298.15 ± 0.50 9.63 ± 0.09 384 ± 21 0.67 ± 0.11 0.86 ± 0.18 0.989 711 
 
5.2.1.3 Approximate Site Energy and Its Distribution 
The site energy E* was calculated by Eq. (2.9) (Chapter 2 and page 35) and plotted as a 
function of the equilibrium LEV adsorption capacity in Figure 5.9. It can be seen that E* 
dramatically decreased for all solution pH as LEV loading increased, revealing that LEV 
molecules first occupied the high-energy adsorption sites on PBS at low concentrations, then 
spread to the low-energy adsorption sites, which was similar to the adsorption of norfloxacin 
on carbon nanotubes (Wang et al. 2010c). Furthermore, the site energies of PBS obtained in 
this work were higher than those of the reported adsorbents for organic compounds such as 
norfloxacin (Wang et al. 2010c), naphthalene and lindane (Shen et al. 2015). Such results 
indicated that PBS might have a higher adsorption affinity for organic compounds than the 
reported adsorbents. 
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Figure 5.9 Dependence of site energy on LEV loading at different solution pH.  
50.0 ± 0.5 mL LEV solution, 5.0 ± 0.1 mg PBS, and 298.15 ± 0.50 K. Error bars represent 
strand deviation. 
 
The site energy distribution based on the Langmuir-Freundlich model (Eq. (2.4), Chapter 
2, and page 34) of PBS for LEV adsorption at different pH values are illustrated in Figure 5.10. 
As given in Eq. (2.13) (Chapter 2 and page 36), the area under the site energy distribution curve 
can be interpreted as the maximum LEV adsorption capability. Thus, PBS demonstrated a 
higher LEV adsorption capacity at pH 6.88 than that at pH 4.03 and pH 9.63, which was 
confirmed by the experimental LEV adsorption data. In addition, the distributions at pH 4.03 
and 9.63 were wider than that at pH 6.88. 
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Figure 5.10 Site energy distributions of PBS for LEV adsorption at different solution pH.  
50.0 ± 0.5 mL LEV solution, 5.0 ± 0.1 mg PBS, and 298.15 ± 0.50 K. 
 
In order to make further analysis of the distribution, the weighted mean of site energy 
distribution and surface energy heterogeneity of PBS at the tested pH values were determined. 
It has been reported that the weighted mean of the distribution can be used to depict the 
interaction strength between the adsorbent (PBS) and adsorbate (LEV), and the width of the 
site energy distribution can be employed to describe the surface energetical heterogeneity of 
the adsorbent (Carter et al. 1995).  
The value of weighted mean μ(E*) of the distribution was calculated from Eq. (2.16) 
(Chapter 2 and page 36) and given in Figure 5.10 as well. Such value was used as a measure 
of the adsorption affinity of the adsorbent surface for the adsorbate. The higher the value of the 
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weighted mean, the stronger the adsorption affinity (Carter et al. 1995). The LEV adsorption 
on PBS at pH 6.88 had a slightly higher weighted mean (27.05 kJ/mol) than that at pH 4.03 
(26.74 kJ/mol) and 9.63 (25.68 kJ/mol). Such higher weighted mean indicated the slightly 
stronger adsorption affinity, thus pH 6.88 was more favorable for LEV adsorption than pH 4.03 
and 9.63. The slightly weighted mean reduction of PBS induced by the change of solution pH 
may result from the following mechanisms. The proposed electron-donor-acceptor (EDA) 
interactions between the benzene ring of LEV (electron-acceptor) and the aromatic, carboxyl 
and hydroxyl groups (electron-donors) of PBS may dominant the adsorption (Hunter et al. 2001, 
Hunter and Sanders 1990, Keiluweit and Kleber 2009, Shen et al. 2015). In spite of that, at pH 
< 4.10 and pH > 8.15, LEV molecules and PBS surface had the same sign of charge and could 
repel each other, which may slightly offset the EDA interactions. Furthermore, the adsorbed 
LEV molecules and free LEV molecules in solution also had the same sign of charge and could 
repel each other, which was slightly unfavorable for the adsorption of LEV on PBS. However, 
the effect of electric charge was not significant in the process because the values of weighted 
mean at the various pH were close. 
Moreover, heterogeneous adsorption sites were formed on carbonaceous materials due to 
the diverse structure and chemical composition (Shi et al. 2011, Yoon et al. 2006). As the 
occurring frequency of the available adsorption sites with specific energies were described by 
the site energy distribution curve, the energetical heterogeneity of the adsorbent can be 
characterized by the standard deviation 𝜎𝜎𝑒𝑒∗ of site energy distribution (Shen et al. 2015). The 
values of standard deviation 𝜎𝜎𝑒𝑒∗ were calculated from Eq. (2.19) (Chapter 2 and page 37) and 
given in Figure 5.10. The adsorbent PBS demonstrated site energy heterogeneity for LEV 
adsorption at the tested three pH. PBS contained various functional groups such as aromatic, 
carboxyl, hydroxyl, and other oxygen-containing groups that may consequently contribute to 
the adsorption site energy heterogeneity. The results showed that 𝜎𝜎𝑒𝑒∗  increased from 4.31 
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kJ/mol to 5.21 and 5.75 kJ/mol when solution pH was changed from 6.88 to 4.03 and 9.63, 
respectively. The higher standard deviations at pH of 4.03 and 9.63 indicated higher degrees 
of heterogeneity, which were consistent to the n values from the Langmuir-Freundlich fitting. 
At the two pH values, functional groups on the adsorbent such as carboxyl and hydroxyl groups 
could be charged positively or negatively, which may vary the adsorption site energy. However, 
as mentioned before, the weighted mean of the distributions at either of the two pH values was 
slightly lower than that of pH 6.88, thus the LEV adsorption decreased. Clearly, the effect of 
solution pH on the adsorption site energy distribution needs to be further investigated. 
5.2.2 Effect of Solution Temperature 
As a critical environment parameter, temperature influences the adsorption process. 
Systematic study on the characteristics of LEV adsorption process including isotherms and 
adsorption energy with respect to temperature has been done in this section. The respective 
knowledge is important for understanding the mechanisms of LEV adsorption by PBS, and for 
the application of this technology in treating the water contaminated by LEV, FQs, or the like. 
5.2.2.1 Levofloxacin Adsorption Isotherms at Different Solution Temperatures 
The LEV adsorption isotherms of PBS at 298.15, 308.15, and 308.15 K are illustrated in 
Figure 5.11. The equilibrium LEV adsorption capacities of PBS increased as the temperature 
was increased, which revealed that the adsorption of LEV on PBS was an endothermic process. 
This was consistent with the adsorption of norfloxacin on carbon nanotubes (Wang et al. 2010c). 
The Langmuir-Freundlich isotherm model (Eq. (2.4), Chapter 2, and page 34) successfully 
fitted the LEV equilibrium data with high values of R2, as given in Table 5.3. The obtained 
values of qm, b, and n at 298.15, 308.15, and 318.15 K were 417, 437, and 448 mg/g, 1.10, 1.17, 
and 1.50 L/mg, and 1.04, 1.03, and 1.12, respectively. As mentioned in the Section of 5.2.1.2, 
the n value is indicative of the surface site heterogeneity of the adsorbent. The values of n 
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obtained at different temperatures were similar and therefore indicated the similar 
heterogeneity at the tested temperatures. 
 
 
Figure 5.11 LEV adsorption isotherms of PBS at different temperatures.  
50.0 ± 0.5 mL LEV solution, 5.0 ± 0.1 mg PBS, and pH 6.88 ± 0.03. Error bars represent 
standard deviation. 
 
Table 5.3 Fitting results of the Langmuir-Freundlich model for LEV adsorption on PBS 
Temperature, 
K 
qm, 
mg/g 
b, 
L/mg 
n R2 
RSS, 
(mg/g)2 
298.15 ± 0.50 417 ± 25 1.10 ± 0.36 1.04 ± 0.33 0.974 2525 
308.15 ± 0.50 437 ± 24 1.17 ± 0.36 1.03 ± 0.28 0.977 2351 
318.15 ± 0.50 448 ± 20 1.50 ± 0.45 1.12 ± 0.25 0.982 1970 
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5.2.2.2 Approximate Site Energy and Its Distribution 
Estimation of site energy and its distribution of the adsorbent for the target molecule is 
critical to elucidate the adsorption mechanism. Based on Eq. (2.9) (Chapter 2 and page 35), the 
site energy E* was determined and plotted as a function of the equilibrium LEV adsorption 
capacity at different temperatures in Figure 5.12. As the amount of LEV adsorbed on PBS 
increased, the E* dramatically decreased. This again indicated that the high-energy adsorption 
sites on PBS were first occupied by LEV molecules, and then the low-energy adsorption sites. 
The result was consistent to the adsorption of NOR on carbon nanotubes (Wang et al. 2010c).  
 
 
Figure 5.12 Dependence of site energy on LEV loading at different solution temperatures.  
50.0 ± 0.5 mL LEV solution, 5.0 ± 0.1 mg PBS, and pH 6.88 ± 0.03. Error bars represent 
standard deviation. 
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Figure 5.13 Site energy distributions of PBS for LEV adsorption at different solution 
temperatures.  
50.0 ± 0.5 mL LEV solution, 5.0 ± 0.1 mg PBS, and pH 6.88 ± 0.03.  
 
The site energy distributions of PBS for LEV adsorption based on the Langmuir-
Freundlich model at different temperatures were determined and plotted in Figure 5.13. It has 
been reported that the higher the weighted mean of the distribution, the stronger the adsorption 
affinity (Carter et al. 1995). The LEV adsorption on PBS at 318.15 K had a slightly higher 
weighted mean μ(E*) (30.29 kJ/mol) than that at 298.15 (27.05 kJ/mol) and 308.15 K (28.48 
kJ/mol), which indicated a slightly stronger adsorption affinity, therefore, 318.15 K was more 
favorable for the adsorption reaction. The weighted mean diversification of PBS induced by 
the change of solution temperature can be explained as follows. EDA interaction was proposed 
as one of the major forces for LEV adsorption on PBS. They were polar interactions and based 
on the attractive force between electron-rich (donor) and electron-deficient (acceptor) entities. 
In this work, electron-rich aromatic π-system (PBS) served as π-electron-donor, and electron-
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deficient π-system (LEV) worked as π-electron-acceptor. Increasing temperature increased the 
static dipole polarizability (Adam et al. 2013, Blundell et al. 2000), which led to the stronger 
EDA pair between the adsorbent (PBS) and adsorbate (LEV), therefore, the corresponding 
adsorption affinity (e.g., π-π EDA interaction) was enhanced. Such enhanced adsorption 
affinity was reflected by the slight increase in the weighted mean as the temperature was 
increased. The occurrence of EDA interactions was further discussed in the following Section 
of 5.5. 
The energetical heterogeneity of PBS at 298.15, 308.15, and 318.15 K was evaluated by 
the standard deviation (𝜎𝜎𝑒𝑒∗) of site energy distribution, which were 4.31, 4.51, and 4.30 kJ/mol, 
respectively. Generally, the heterogeneity of adsorption sites for carbonaceous adsorbents 
originated from the defect structures, as well as the cross-linking and disordered arrangement 
of the diverse carbon structures. The heterogeneous adsorption sites of graphitized carbons for 
organic pollutants have been attributed to these aspects (McDermott and McCreery 1994, 
McDermott et al. 1993, Milewska-Duda and Duda 1997). The heterogeneity of adsorption sites 
could also be derived from the grafted functional groups (chemical composition heterogeneity), 
especially oxygen-containing functional groups (Yoon et al. 2006). In this work, PBS was 
made from RBS with H3PO4 impregnation and microwave heating. The oxygen-containing 
functional groups, such as -COOH and -OH, were induced to PBS (evidenced by the FTIR 
spectrum of PBS displayed in Figure 5.7). The BET surface area of PBS was measured to be 
1314 ± 10 m2/g, among which there were 750 ± 3 m2 micropore/g, 284 ± 3 m2 mesopore/g, and 
280 ± 5 m2 macropore/g (presented in the Chapter of 4 on page 55). The SEM results also 
revealed that PBS had a well-developed porous structure with cracks, channels, and holes 
(displayed in the Chapter of 4 on page 59). Thus, the specific structure and induced functional 
groups contributed to the energetical heterogeneity of PBS. The values of 𝜎𝜎𝑒𝑒∗ obtained at the 
tested three temperatures were very similar, so were the values of n obtained from the 
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Langmuir-Freundlich model. Both the values of n and 𝜎𝜎𝑒𝑒∗ demonstrated the consistent result 
that the heterogeneity of the PBS surface was similar in the tested temperature range.  
5.3 Effect of Solution Ionic Strength 
To investigate the effect of solution ionic strength (IS) on LEV adsorption by PBS, sodium 
chloride was added into the LEV solution at a pH of 6.88 ± 0.03 that was determined to be 
optimal as per the above results. As the background electrolyte, sodium widely existed in 
wastewater, and it is also an alkaline light metal with much low affinity for organic compounds 
(Muzzarelli 1973).  
 
Figure 5.14 Effect of solution IS on LEV adsorption by PBS. 
50.0 ± 0.5 mL LEV solution, 5.0 ± 0. 1 mg PBS, pH 6.88 ± 0.03, and 298.15 ± 0.50 K. Error 
bars represent standard deviation. 
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As illustrated in Figure 5.14, the LEV adsorption capacity achieved at initial LEV 
concentrations of 40 mg/L and 100 mg/L decreased from 347 ± 7 and 408 ± 4 mg/g to 298 ± 
18 and 364 ± 11 mg/g, respectively, as the solution IS was increased from less than 0.02 M (no 
ionic strength control) to 0.1 M. The decreases were about 10%. This was in accordance with 
the adsorption of enrofloxacin on soil (Graouer-Bacart et al. 2013) and adsorption of 
sulfadimethoxine and sulfaguanidine on soil (Białk-Bielińska et al. 2012). It was suggested that 
the increase of solution IS induced a decreased thickness of the “electrical double layer” of the 
charged surface, and then led to a decreasing surface charge, as a result, the electrostatic 
attraction between the adsorbate and adsorbent was weakened (Białk-Bielińska et al. 2012). 
The change of IS may also influence the competition between the electrolyte ions and 
adsorbates for available adsorption sites (Tien 1994). The aforementioned reasons may 
consequently contribute the slightly decrease in LEV adsorption capacity of PBS with increase 
in solution IS. However, the effect of solution IS was insignificant compared with that in metal 
adsorption (Thevannan et al. 2010). This is favored because LEV is expected to be effectively 
adsorbed by PBS even in wastewater with elevated ionic strength. 
5.4 Desorption of Levofloxacin Adsorbed on Pretreated Barley Straw 
Desorption experiments were conducted immediately after adsorption at the same 
temperature and in the same vials as those for the adsorption experiments. The desorption 
results are illustrated in Figure 5.15. The black columns represent the LEV loaded on PBS at 
the specific pH values, and the red columns are the LEV desorbed from PBS at the same pH as 
that for adsorption. The desorption efficiencies shown in Figure 5.15 were lower than 10%. 
Such results indicated that only small percentage of LEV adsorption was reversible, and the 
binding between LEV molecules and PBS was strong.  
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Figure 5.15 Effect of solution pH on LEV desorption by PBS. 
50.0 ± 0.5 mL deionized water, 5.0 ± 0. 1 mg PBS, and 298.15 ± 0.50 K. Error bars represent 
standard deviation. 
 
In addition, during desorption of LEV, solution pH slightly increased (Figure 5.16). Such 
results indicated that protons in the solution may exchange with positively charged groups such 
as tertiary amine of LEV adsorbed on PBS, which resulted in elution of LEV from PBS. LEV 
desorption was also examined at a more acidic condition with a solution pH of 2.0 using 
samples initially loaded 408 ± 4 mg LEV/g PBS achieved at pH 6.88. A slightly higher 
desorption efficiency of (20 ± 1)% was obtained. However, the desorption efficiency was still 
low.  
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Figure 5.16 pH change after desorption. 
50.0 ± 0.5 mL deionized water, 5.0 ± 0. 1 mg PBS, and 298.15 ± 0.50 K. Error bars represent 
standard deviation. 
 
Further effort was made by using ethylenediaminetetraacetic acid disodium salt dihydrate 
(EDTA) in order to enhance the desorption efficiency. The desorption efficiency increased to 
28.6% compared with that achieved without addition of EDTA, 20.4%.  However, this is still 
far from satisfactory level. The results implied that pH-dependent ion exchange or electrostatic 
attraction may not be the major mechanisms of LEV adsorption, while they were predominant 
in nickel adsorption by RBS (Thevannan et al. 2010) and Au(CN)2 adsorption by the crab shells 
(Niu 2002). Again, the results indicated that the adsorption of LEV on PBS may mainly through  
π-π electron-donor-acceptor interaction, the bonding strength of which could be larger than that 
of hydrogen bond, and comparable to inner-, and outer-sphere complex formation (Keiluweit 
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and Kleber 2009). Considering that the achieved desorption efficiency was low, other methods, 
such as oxidation and thermal treating in a microwave furnace, may be employed to improve 
the desorption efficiency. More in depth desorption studies would form an area of future 
research. In order to further elucidate the adsorption mechanism, X-ray absorption 
spectroscopy (XAS) analyses were done as follows. 
5.5 π-π Electron-Donor-Acceptor Interactions Characterized by X-ray 
Absorption Near Edge Structure Spectroscopy 
The C 1s K-edge X-ray absorption near edge structure (XANES) spectra of PBS, LEV, 
and PBS loaded with LEV are displayed in Figure 5.17. There was a resonance peak at an 
energy level of 285.52 eV observed on the spectrum of PBS. It represented 1s →π* C=C of 
aromatic C (Chen et al. 2014a). In addition, the peaks at 285.22, 285.98, and 286.73 eV 
observed on the LEV spectrum have been attributed to carbon atoms within a benzene ring that 
are bonded to hydrogen (C=C*-H) (Kuznetsova et al. 2001), nitrogen (C=C*-N) (Stöhr 1992), 
and fluorine (C=C*-F) (Brzhezinskaya et al. 2009, Plaschke et al. 2005), respectively. The 
strong peak at 288.54 eV of the LEV spectrum corresponded to 1s →π* C=O transition of 
carboxylic C (Chen et al. 2014a). Compared with the spectra of LEV and PBS loaded with 
LEV, the peak at 285.52 eV of the PBS spectrum blue shifted to 285.82 eV of the spectrum of 
PBS loaded with LEV. This blue shift indicated the higher energy value of photon resonance 
for excitation, and carbon atoms of aromatic π* C=C on PBS had partial-positive charges with 
less electron density and worked as π-electron-donors (Okbinoğlu 2014). On the other hand, 
there was a red shift from 286.73 eV of the LEV spectrum to 286.58 eV of the spectrum of 
PBS loaded with LEV. According to the research of NOR adsorption on surface-modified 
carbon nanotubes (Wang et al. 2010c), this phenomenon indicated that carbon atoms in the 
benzene ring attached to fluorine (C=C*-F) of LEV had partial-negative charges with more 
electron density and served as π-electron-acceptors due to the strong electron withdrawing 
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ability of F. The results of C K-edge XANES spectroscopy were in supportive of the occurrence 
of π-π EDA interaction between the aromatic π* C=C of PBS (as π-electron-donor) and π* 
carbon atom in benzene ring attached to fluorine of LEV molecules (as π-electron-acceptor). 
 
 
Figure 5.17 C K-edge XANES spectra of PBS, LEV, and PBS loaded with LEV (qe = 408 ± 4 
mg/g). 
50.0 ± 0.5 mL LEV solution (C0 = 100 mg/L), 5.0 ± 0.1 mg PBS, pH 6.88 ± 0.03, and 298.15 
± 0.50 K. 
 
The π-π EDA interaction has been reported as the predominant mechanism in the 
adsorption of organic compounds (e.g. norfloxacin (Wang et al. 2010c), naphthalene and 
atrazine (Shen et al. 2015)) on heterogeneous adsorbents (e.g. lignin (Wang et al. 2007) and 
humic substances (Zhu et al. 2004)). PBS contained hydroxyl, carboxyl, and other polar groups, 
which tended to be polarizable. Surface sites close to polarized edge sites or defects of graphene 
sheets have been reported to be electron-rich-π-donors (McDermott and McCreery 1994, Zhu 
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and Pignatello 2005), as addressed in adsorption of aromatic compounds (e.g. benzene and 
polycyclic aromatic hydrocarbons) on black carbon (e.g. charcoal and soot) (Kubicki 2006, 
Zhu et al. 2005, Zhu and Pignatello 2005). As such, the proposed force, π-π EDA interaction 
between the polarizable PBS (aromatic groups, π-electron-donors) and LEV (benzene ring 
attached to F, π-electron-acceptor) became reasonable.  
5.6 Comparison of Levofloxacin Adsorption Capacity of Pretreated Barley 
Straw with Other Adsorbents 
The LEV adsorption capacity of PBS was first compared with raw barley straw (RBS) at 
an equilibrium pH 6.80 ± 0.15 in the 50.0 mL solutions initially containing 40 mg/L LEV and 
5.0 mg PBS or RBS. The results demonstrated that PBS had a much higher LEV adsorption 
capacity (347 ± 12 mg/g) than RBS (6.2 ± 0.5 mg/g). Although RBS contained cellulose (31-
34 wt%), hemicelluloses (24-29 wt%), and lignin (14-15 wt%) (Teas et al. 2001), RBS had a 
low surface area and was lack of adequate porous structure that are important for the adsorption 
of organic compounds. It has been reported that surface area and porosity were of importance 
for the adsorption of FQs by the carbonaceous materials such as carbon nanotubes (Yang and 
Xing 2010) and activated carbon (Liu et al. 2011). The BET surface area of PBS was 1314 ± 
10 m2/g, among which there were 750 ± 3 m2 micropore/g, 284 ± 3 m2 mesopore/g, and 280 ± 
5 m2 macropore/g. However, the surface area of RBS was just 2 m2/g. The surface morphology 
of PBS and RBS, revealed by SEM observation (Figure 4.2 on page 59), also indicated that 
PBS had an enhanced porous structure compared with RBS. This may result in the much higher 
LEV adsorption capacity of PBS than that of RBS. Such results demonstrated that the 
pretreatment method in this work was successful in terms of enhancing surface area, porosity, 
and LEV adsorption capability of barley straw. 
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Table 5.4 Comparison of LEV adsorption capacity of adsorbents. 
Adsorbents qm, mg/g solution pH Source 
PBS 408 ± 5 6.88 This work 
Charcoal 87 7.00 (Hattab 2010) 
Kaolin 0.26 7.00 (Hattab 2010) 
Goethite 1.03  6.00 (Qin et al. 2014) 
Iron-pillared 
montmorillonite 
48.61 7.00 (Liu et al. 2015) 
Graphene oxide 256.6 not given (Dong et al. 2016) 
 
In addition, the LEV adsorption capacity of PBS was compared with other adsorbents 
reported in literature, and the results are presented in Table 5.4. The maximum LEV adsorption 
capacity of PBS obtained by the adsorption experiment in this work was 408 ± 5 mg/g at a pH 
of 6.88, and such value was much higher than that of goethite (1.0 mg/g at pH = 6.00) (Qin et 
al. 2014), Fe-P-Montmorillonite (48.6 mg/g at pH = 7.00) (Liu et al. 2015), kaolin (0.26 mg/g 
at pH = 7.00), charcoal (87 mg/g at pH = 7.00) (Hattab 2010), and graphene oxide (256.6 mg/g) 
(Dong et al. 2016). In addition, the highest LEV adsorption capacities reported in literature 
were observed at a relatively neutral pH, but PBS in this work showed high LEV adsorption 
capacity at a broad pH range (2.47-9.60). This demonstrated that PBS had a high LEV 
adsorption capacity and a promising potential for removal of LEV from the real sewage of 
waste water treatment plant (WWTP). The results again demonstrated that the pretreatment 
method applied in this work significantly enhanced the LEV adsorption capacity of barley 
straw from liquid phases. Such method may be transferrable to pretreat other lignocellulosic 
biomass for removal of LEV. 
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5.7 Adsorption of Levofloxacin on Pretreated Barley Straw at Low 
Levofloxacin Concentrations 
To investigate the LEV adsorption capacity of PBS in the real water environment, the 
adsorption experiments were further conducted at low LEV concentrations. Due to the limit of 
the HPLC used in this work, the initial LEV concentrations were ranged from 1 mg/L to 10 
mg/L. 5.0 ± 0.1 mg PBS particles were mixed with a 50.0 mL LEV solution at 298.15 ± 0.50 
K for 168 h as those aforementioned in the Section of 3.6. All experiments were conducted in 
triplicate. The equilibrium solutions were 6.88 ± 0.03. As illustrated in Figure 5.18, the results 
demonstrated the high LEV adsorption capacity of PBS even as the LEV concentrations were 
lower than 1 mg/L. The corresponding removal efficiencies were higher than 89%. 
 
 
Figure 5.18 Adsorption of LEV on PBS at low LEV concentrations.  
50.0 ± 0.5 mL LEV solution, 5.0 ± 0.1 mg PBS, pH 6.88 ± 0.03, and 298.15 ± 0.50 K. Error 
bars represent standard deviation. 
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5.8 Chapter Summary 
As one of the emerging contaminants, LEV was efficiently removed by the adsorbent PBS. 
The adsorption kinetics was investigated at different temperatures and LEV concentrations, the 
kinetic data were well fitted by the pseudo-second-order kinetic model. Based on the Arrhenius 
equation, the activation energy was determined to be 45.9 kJ/mol, which suggested the 
adsorption of LEV on PBS mainly through chemical adsorption. The effect of solution pH on 
LEV removal was studied, and desorption of LEV loaded on PBS was also examined. PBS 
demonstrated high LEV adsorption capacities in a wide range of solution pH (2.47-9.60). The 
experimental maximum LEV adsorption capacity of PBS (408 ± 5 mg LEV/g at pH 6.88 and 
298.15 K) was much higher than that of RBS and the reported adsorbents. The elevated ionic 
strength slightly decreased the LEV adsorption capacity of PBS. The adsorption equilibrium 
isotherms at different solution pH and temperatures were fairly well fitted by the Langmuir-
Freundlich model, and revealed that the adsorption of LEV on PBS was an endothermic 
process. Furthermore, the site energy and its distribution of PBS for LEV adsorption were 
estimated. The weighted mean and standard deviation of the distribution were employed to 
depict the interaction strength between the adsorbent and adsorbate, and the adsorption 
heterogeneity. The π-π electron-donor-acceptor (EDA) interaction between the π* aromatic 
C=C of adsorbent PBS and the π* carbon atom in the benzene ring attached to fluorine of LEV 
was proposed as one of the major adsorption mechanisms. Such interaction was investigated 
by the C K-edge XANES. Elevated temperature increased the static dipole polarizability. Thus, 
the π-π EDA interaction between the aromatic adsorbent PBS and the adsorbate LEV with 
benzene ring was strengthened. This was reflected by the increase in weighted mean of site 
energy distribution. In addition, hydrogen bond may also play a role. Further investigation on 
the adsorption mechanisms is necessary. 
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CHAPTER 6 ADSORPTION OF NORFLOXACIN ON 
PRETREATED BARLEY STRAW  
The aforementioned research demonstrated that PBS had a much higher LEV adsorption 
capacity than the reported adsorbents, and EDA interactions may be the dominant forces. 
Whether this material can effectively remove other antibiotics from water is worthy to be 
investigated. Among the antibiotics, norfloxacin (1-Ethyl-6-fluoro-4-oxo-7-(1-piperazinyl)-
1,4-dihydro-3-quinolinecarboxylic acid, NOR) is a so-called second generation FQ, which acts 
by inhibiting bacterial DNA gyrase enzyme for DNA replication (Jia et al. 2012). The 
molecular structure of NOR (Pei et al. 2011) is presented in Figure 6.1, which is different from 
the molecular structure of LEV (Figure 5.1 on page 69). As another emerging environmental 
micropollutant, NOR is discharged into the environment via different sources. Waste streams 
containing NOR originate from residential areas, hospitals, production facilities, and animal 
farms. However, the average removal efficiency of NOR obtained from 52 wastewater 
treatment plants, which utilized a variety of removal processes such as a two activated sludge 
process with a nitrification tank, an extended aeration tank, rotating biological contactors, and 
a pure oxygen activated sludge reactor, was only 68% (Van Doorslaer et al. 2014). There is a 
need to effectively remove NOR to protect water security. Moreover, quantitative data of NOR 
adsorption by PBS as a function of the crucial operation parameters such as pH, temperature, 
and time in terms of engineering application were not available before this work, and 
adsorption energy and mechanisms of NOR need to be further investigated which are important 
to contribute to the science of adsorption. This work provided information and data to address 
the above aspects and contributed to fill in the respective knowledge gaps. 
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Figure 6.1 Molecular structure of NOR. 
 
In this chapter, PBS was used as an adsorbent for NOR removal from artificial wastewater 
at various solution pH and temperatures. The effect of solution pH on NOR adsorption, which 
influenced the speciation of NOR molecules and the surface charge of PBS, was investigated. 
In addition, the adsorption behaviors, including adsorption kinetics, equilibrium, and 
adsorption energy with respect to the temperature, were also explored. Furthermore, the 
percentage of adsorption site, having site energies greater than or equal to a specific value of 
E*, was estimated. These respective researches are critical to understand the adsorption 
mechanism and develop advanced technology for treating the pharmaceuticals-contaminated 
water. 
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6.1 Adsorption Kinetics 
6.1.1 Effect of Contact Time 
Figure 6.2a presents the effect of contact time on the adsorption of NOR by PBS at 
different initial NOR concentrations. Consistent with the adsorption of LEV on PBS, a rapid 
adsorption of NOR was observed at the first 12 h, then a slower adsorption followed, until the 
equilibrium was reached. The removal ratio of NOR by PBS, determined by the decrease of 
NOR concentration at equilibrium to the initial concentration of NOR, was 92% at a lower 
NOR concentration of 10 mg/L, and then decreased to 77% and 48% as the NOR concentration 
was continuously increased to 40 and 80 mg/L. However, the corresponding values of 
equilibrium adsorption capacity increased to 310 and 384 mg/g, respectively. The results 
demonstrated that the NOR removal ratio also highly depended on the initial NOR 
concentration if the rest conditions were kept constant.  
The kinetic data were well fitted by the pseudo-second-order kinetic model as well. The 
fitting parameters with values of coefficient of determination (R2) and residue sum of square 
(RSS) are presented in Figure 6.2b and Table 6.1. Moreover, calculated from kqe,cal2, the initial 
rate of NOR adsorption on PBS increased from 3.20 to 37.67 and 57.80 mg/(g·h) as the initial 
concentration was increased from 10 to 40 and 80 mg/L. This may also be explained as follows: 
as the initial concentration of NOR was increased, the equilibrium adsorption capacity qe 
increased, which indicated the enhanced driving force (qe-qt), and therefore the initial rate 
increased.  
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Figure 6.2 Kinetic analysis of NOR adsorption on PBS at different initial concentrations: a) 
effect of contact time; b) pseudo-second-order kinetic modeling. 
50.0 ± 0.5 mL NOR solution, 5.0 ± 0.1 mg PBS, pH 6.96 ± 0.07, and 298.15 ± 0.50 K. Error 
bars represent the standard deviation. 
  
Table 6.1 Kinetic parameters for the adsorption of NOR on PBS at 298.15 K. 
Experimental  Pseudo-second-order kinetic model 
T,  
K 
C0, 
mg/L 
qe, 
mg/g 
 qe,cal, 
mg/g 
k, 
g/(mg·h) 
kqe,cal2 *, 
mg/(g·h) 
R2 
RSS, 
(mg/g)2 
298.15 10 92  90 3.92×10-4 3.20 0.986 9390 
298.15 40 310  310 3.92×10-4 37.67 0.989 15722 
298.15 80 384  384 3.92×10-4 57.80 0.990 29699 
* kqe,cal2   the initial rate of NOR adsorption on PBS mg/(g·h) 
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6.1.2 Analysis of Activation Energy 
The adsorption kinetic experiments of NOR on PBS were conducted with respect to 
temperature (C0 = 100 mg/L and pH 6.96 ± 0.07) in order to determine the activation energy, 
and the kinetic data are plotted in Figure 6.3a. As the temperature was increased from 298.15 
K to 308.15 and 318.15 K, the equilibrium NOR adsorption capacity of PBS increased from 
349 mg/g to 359 and 387 mg/g, respectively. These values were slightly lower than the LEV 
adsorption capacities of PBS at the same conditions.  
Figure 6.3b displays the fitting curves of the pseudo-second-order kinetic model for NOR 
adsorption on PBS with respect to temperature. The pseudo-second-order kinetic model again 
well fitted the kinetic data with high values of coefficient of determination (R2 > 0.999), as 
listed in Table 6.2. The obtained values of qe,cal and k at 298.15, 308.15, and 318.15 K were 
355, 362, and 397 mg/g, and 5.60×10-4, 6.93×10-4, and 9.85×10-4 g/(mg·h), respectively, which 
were slightly lower than those of LEV adsorption on PBS. The initial rate of NOR adsorption 
on PBS (calculated from kqe2) was 70.37 mg/(g·h) (298.15 K). This may be due to the well-
developed porous structure (revealed by the results of SEM and high specific surface area 1314 
± 10 m2/g) and modified functional groups of PBS. Moreover, the initial rate of NOR adsorbed 
on PBS increased from 70.37 mg/(g·h) to 90.91 and 155.04 mg/(g·h) with increase in the 
temperature from 298.15 K to 308.15 and 318.15 K. Temperature may affect the adsorption 
kinetics: 1) as temperature was increased, the equilibrium adsorption capacity qe increased, 
therefore the adsorption driving force (𝑞𝑞𝑒𝑒 − 𝑞𝑞𝑑𝑑) enhanced; 2) the adsorption rate constant k 
increased with increase in temperature. The influence of temperature on adsorption rate 
constant k can be quantified by the Arrhenius equation. 
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Figure 6.3 Kinetic analysis of NOR adsorption on PBS at different temperatures: a) effect of 
contact time; b) pseudo-second-order kinetic fitting; c) calculation of activation energy.  
50.0 ± 0.5 mL NOR solution (C0 = 100 mg/L), 5.0 ± 0.1 mg PBS, and pH 6.96 ± 0.07. Error 
bars represent standard deviation. 
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Table 6.2 Kinetic parameters for the adsorption of NOR on PBS at different temperatures. 
Experimental  Pseudo-second-order kinetic model 
T, 
 K 
C0, 
mg/L 
qe, 
mg/g 
  
qe,cal, 
mg/g 
k, 
g/(mg·h) 
k•qe,ca2, 
mg/(g·h) 
R2 
RSS, 
(mg/g)2 
298.15 100 349   355 5.60×10-4 70.37 0.999 7736 
308.15 100 359   362 6.93×10-4 90.91 0.999 13951 
318.15 100 387   397 9.85×10-4 155.04 0.999 3148 
 
Again, by incorporating the known values of rate constant k at 298.15, 308.15, and 318.15 
K into the linearized Arrhenius equation (Eq. (2.3), Chapter 2, and page 33), the activation 
energy was determined to be 22.21 kJ/mol (Figure 6.3c). The energy of activation for physical 
adsorption was usually no more than 1 kcal/mol (equivalent to 4.2 kJ/mol) (Smith 1970, 
Unuabonah et al. 2007). The obtained value of activation energy 22.21 kJ/mol in this work also 
suggested that NOR may be primarily adsorbed by PBS via chemical adsorption. 
6.2 Adsorption Equilibrium 
6.2.1 Effect of Solution pH 
6.2.1.1 Norfloxacin Equilibrium Adsorption on Pretreated Barley Straw in a Wide Range of 
Solution pH 
The equilibrium NOR adsorption capacities qe of PBS at various solution pH (2.67 ± 0.06 
~ 10.50 ± 0.13) are presented in Figure 6.4. Similar to the adsorption of LEV on PBS, as the 
equilibrium solution pH was increased from 2.67 ± 0.06 from 6.96 ± 0.07, qe increased from 
307 ± 2 mg/g to 396 ± 19 mg/g, and then decreased to 287 ± 6 mg/g at 10.50 ± 0.13. The 
highest NOR adsorption 396 ± 19 mg/g was achieved at pH 6.96 ± 0.07. As a result, pH 6.96 
± 0.07 was chosen as the equilibrium solution pH for the isotherm studies. Although NOR 
adsorption varied with the tested pH, the results demonstrated that high NOR adsorption 
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capacities of PBS were achieved in a wide range of pH 2.67-10.50. Both the adsorption of LEV 
and NOR by PBS achieved the highest adsorption capacities in a pH range of zwitterion at the 
tested conditions. 
 
 
Figure 6.4 Effect of solution pH on NOR adsorption by PBS.  
50.0 ± 0.5 mL, 73 mg/L NOR solution, 5.0 ± 0.1 mg PBS, contact time 168 h, and 298.15 ± 
0.50 K. Error bars represent the standard deviation. 
 
As presented in Figure 5.6 on page 76, the value of point of zero net charge (PZNC) of 
PBS was determined to be 4.10. Therefore, PBS was positively charged when solution pH was 
lower than 4.10, otherwise negatively charged (pH > 4.10). In addition, similar to LEV, NOR 
also had two values of dissociation constant via its tertiary amine group (pKa2 = 8.51) and 
carboxyl group (pKa1 = 6.22), and it can be positively charged (pH < 6.22), negatively charged 
(pH > 8.51), and zwitterionic (pH 6.22-8.51) (Pei et al. 2011). As illustrated in Figure 6.4, NOR 
had more positively charged groups than negatively charged groups at pH 4.10-6.96, while 
PBS was negatively charged. Thus, NOR cations could be bonded to PBS via electrostatic 
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attraction. As a result, the adsorption of NOR on PBS increased as solution pH was increased. 
Moreover, during adsorption process, the values of solution pH decreased from initial pH 
values 4.08 and 5.04 to final values 3.98 and 4.91, which indicated that positively charged 
groups of NOR (i.e., tertiary amine) might exchange with protons of acidic functional groups 
of PBS such as carboxyl groups.  
At pH < 4.10 and pH > 8.51, NOR molecules and PBS surface had the same net charge 
and could repel each other. Again, if the pH-dependent electrostatic attraction was the major 
mechanism, adsorption of NOR on PBS was expected to be significantly depressed. However, 
the qe values at acidic pH 2.67 ± 0.06 and basic pH 10.50 ± 0.13 were 307 ± 2 and 287 ± 6 
mg/g, respectively, and variation of NOR adsorption capacity in the pH range (2.67-10.50) was 
lower than 27.5% using the highest qe (396 ± 19 mg/g) value achieved at pH 6.96 as a reference. 
The results indicated that the pH-dependent electrostatic attraction between NOR and PBS 
influenced the adsorption process of NOR on PBS, but it may not be the principal mechanism. 
This is similar to LEV adsorption. Other adsorption mechanism could be the dominant one, 
which needs to be further investigated. 
The FTIR results of RBS, pure NOR, PBS without NOR, and PBS loaded with NOR are 
illustrated in Figure 6.5. As mentioned in the Section of 5.2.1.1, two troughs representing 
hydroxyl O-H stretching (3712 cm-1) and carboxylic O-H bond stretching (2978 cm-1) were 
observed on the FTIR spectrum of PBS. However, after adsorption of NOR, the intensity of 
the aforementioned two troughs reduced on the spectrum of PBS loaded with NOR. Such 
results demonstrated that the hydroxyl and carboxyl groups may participate in the adsorption 
of NOR on PBS. The aromatic C-H bending (783 cm-1) (Pawlak and Pawlak 1997) appeared 
on the spectra of RBS, PBS, and PBS loaded with NOR. Lignin, which has aromatic groups, is 
one of the major components of RBS. After the pretreatment, these groups still existed.  
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Figure 6.5 FTIR spectra of RBS, pure NOR, PBS, and PBS loaded with NOR (qe = 396 ± 19 
mg/g).  
 
It has been reported that as the number of associated rings increased, the aromatic rings on 
adsorbent surface could be strong π-electron-donors due to the occurrence of quadrupole 
moment (Keiluweit and Kleber 2009, Zhu and Pignatello 2005). In addition, revealed by the 
FTIR spectra, carboxyl and hydroxyl groups were introduced to PBS. The surface-associated 
carboxyl groups (-COO-) and hydroxyl groups (-O-) have been considered to serve as strong n-
electron-donors (Chen et al. 2008). On the other hand, the benzene ring on NOR could work 
as a π-electron-acceptor due to the strong electron withdrawing ability of the fluorine group 
(Wang et al. 2010c). Thus, the benzene ring of NOR and the carboxyl, hydroxyl and aromatic 
groups of PBS might build the n-π and π-π electron-donor-acceptor (EDA) pairs. The 
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aforementioned EDA interactions have been proposed as the dominant driving forces in the 
adsorption of NOR (Wang et al. 2010c), hydroxyl- and amino-substituted aromatic compounds 
(Chen et al. 2008), and phenolic compounds (Lin and Xing 2008) by carbon nanotubes. 
Therefore, the significantly high NOR adsorption capacity of PBS in a wide pH range (2.67 ± 
0.06 ~ 10.50 ± 0.13) may be interpreted by the occurrence of n-π and π-π EDA interactions, 
which is consistent to the adsorption of LEV on PBS. The occurrence of EDA interactions was 
further investigated in the Section of 6.4. 
Moreover, the hydrogen bonds might be formed between the NOR molecules and the 
carboxyl and hydroxyl groups of PBS that were revealed by the FTIR spectra of PBS. There is 
no doubt that more work is required to assess the contribution of hydrogen bond in the PBS-
NOR adsorption process, although H-bond was reported as an insignificant role in the 
adsorption of substituted aromatics and carbon nanotubes (Lin and Xing 2008). In addition, 
hydrophobic interaction has been reported in the adsorption of sulfonamide antibiotics on 
biochar (Zheng et al. 2013) and soil (Wegst-Uhrich et al. 2014), and such interaction could also 
play a role in the adsorption of NOR on PBS. In a real aqueous environmental system, multiple 
bonding mechanisms are expected to simultaneously operate. The actual mechanisms of NOR 
adsorption by PBS require further investigations, such as the existences and binding strengths 
of EDA interactions (e.g., n-π and π-π EDA interactions), H-bond, hydrophobic interaction, 
and other interactions. 
6.2.1.2 Norfloxacin Adsorption Isotherms of Pretreated Barley Straw and Raw Barley Straw  
The NOR adsorption isotherms of PBS and RBS at pH 6.97 and 298.15 K are illustrated 
in Figure 6.6. The results demonstrated that PBS had a much higher NOR adsorption capacity 
than RBS, which indicated that PBS had more binding sites available for NOR adsorption. The 
Langmuir-Freundlich model successfully fitted the adsorption isotherms with high values of 
R2. The obtained qm, b, and n values of PBS and RBS were 356 and 54 mg/g, 1.10 and 0.00152 
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L/mg, and 1.04 and 2.07, respectively. Moreover, the corresponding values of residue sum of 
squares (RSS) were 2594 and 221 (mg/g)2. 
 
 
Figure 6.6 NOR adsorption isotherms of PBS and RBS. 
50.0 ± 0.5 mL NOR solution, 5.0 ± 0.1 mg PBS/RBS, contact time 168 h, pH 6.96 ± 0.07, and 
298.15 ± 0.50 K. Error bars represent the standard deviation. 
 
In addition, it has been documented that BET surface area was important in the adsorption 
of aromatic compounds on activated carbon and carbon nanotubes (Shen et al. 2015, Wang et 
al. 2010a). In this work, PBS had a much higher qm value (356 mg/L) and BET surface area 
(1314 ± 10 m2/g) than RBS (56 mg/L and 1.8 m2/g). Such comparisons indicated that the higher 
the value of BET surface area, the higher the value of qm at the tested conditions in this work. 
The results again demonstrated that the pretreatment method applied in this work successfully 
improved the adsorption capacity of barley straw for NOR from liquid phases. 
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6.2.1.3 Approximate Site Energy and Its Distribution 
Determined by Eq. (2.9) (Chapter 2 and page 35), the site energy E* values of PBS and 
RBS are plotted as a function of the equilibrium NOR adsorption capacity qe in Figure 6.7. As 
the amount of NOR adsorbed on the adsorbents increased, the E* values dramatically decreased. 
Such results revealed that the high-energy adsorption sites on PBS/RBS were first occupied by 
NOR molecules, and the low-energy adsorption sites were then occupied. This was consistent 
to the adsorption of NOR on carbon nanotubes (Wang et al. 2010c) and LEV on PBS. 
Furthermore, the values of site energy E* of NOR adsorbed on PBS were much higher than 
those of RBS.  
 
 
Figure 6.7 Site energy versus equilibrium NOR adsorption capacities of PBS and RBS.  
50.0 ± 0.5 mL NOR solution, 5.0 ± 0.1 mg PBS/RBS, contact time 168 h, pH 6.96 ± 0.07, and 
298.15 ± 0.50 K. Error bars represent the standard deviation. 
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Figure 6.8 displays the site energy distributions of NOR adsorption on PBS and RBS based 
on the Langmuir-Freundlich model. The weighted mean of site energy distribution was 
determined to depict the interaction strength between the adsorbents and adsorbate, and the 
surface energy heterogeneity of the adsorbents was described by the width of the distribution 
(Carter et al. 1995). 
 
 
Figure 6.8 Site energy distribution curves of PBS (blue dashed line) and RBS (pink dashed 
with dots line). The data points represent the results obtained at the specific experimental 
conditions ■ PBS and ● RBS. 
50.0 ± 0.5 mL NOR solution, 5.0 ± 0.1 mg PBS/RBS, contact time 168 h, pH 6.96 ± 0.07, and 
298.15 ± 0.50 K. 
 
The weighted mean values μ(E*) of site energy distributions of PBS and RBS were given 
in Figure 6.8. As mentioned before, it has been documented that the higher the value of 
weighted mean, the stronger the adsorption affinity (Carter et al. 1995). PBS had a much higher 
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value of weighted mean (16.27 kJ/mol) than RBS (7.10 kJ/mol), which demonstrated that PBS 
had a much stronger adsorption affinity for NOR molecules than RBS, and thus PBS was more 
favorable for the adsorption reaction than RBS. Such result may be interpreted by the 
occurrence of n-π and π-π EDA interactions, and hydrogen bond between the benzene ring of 
NOR (π-electron-acceptor) and the carboxyl, hydroxyl and aromatic groups of PBS (n- and π-
electron-donors). 
Evidenced by the site energy distribution curves (Figure 6.8), PBS and RBS also revealed 
energetical heterogeneities for adsorption of NOR. Determined by Eq. (2.19) (Chapter 2 and 
page 37), the 𝜎𝜎𝑒𝑒∗ value of PBS (6.89 kJ/mol) was higher than that of RBS (2.17 kJ/mol), which 
indicated the stronger energetical heterogeneity of PBS for NOR adsorption. Again, as 
discussed before, generally, the heterogeneity of adsorption sites for carbonaceous adsorbents 
originated from the defect structures, as well as the crosslinking and disordered arrangement 
of various carbon structure (Cerofolini and Cerofolini 1980). In addition, the heterogeneity of 
adsorption sites could also be derived from the grafted functional groups (chemical 
composition heterogeneity), especially oxygen-containing functional groups (Yoon et al. 2006). 
In this work, PBS was made from barley straw with H3PO4 impregnation and microwave 
heating. The BET surface area of PBS was 1314 ± 10 m2/g, while the surface area of RBS was 
just 1.8 m2/g. The surface morphology of PBS and RBS, revealed by SEM, also indicated that 
PBS had an enhanced porous structure compared with RBS. Moreover, as illustrated in the 
FTIR spectra (Figure 6.5), the oxygen-containing functional groups (e.g., -COOH and –OH) 
were induced to PBS after pretreatment. As a result, the specific structure and diverse 
functional groups may contribute to the enhanced energetical heterogeneity of PBS.  
Furthermore, according to the site energy distribution F(E*) plotted in Figure 6.8, the 
percentage (P) of binding sites whose site energy is greater than or equal to a specific value of 
E* could be determined by Eq. (2.21) (Chapter 2 and page 37). For example, in the case of RBS, 
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the value of P(𝐸𝐸𝑚𝑚∗  = 7.09 kJ/mol, the mode of site energy distribution), was determined to be 
50%, which meant that 50 percent of binding sites had site energies greater than or equal to 
7.09 kJ/mol. 
6.2.2 Effect of Solution Temperature 
It is well-known that temperature affects the adsorption process. The adsorption behaviors 
of NOR on PBS including isotherms and adsorption energy with respect to temperature remain 
largely unknown. These respective researches are critical to understand the adsorption 
mechanism and to develop advanced technologies to treat the pharmaceuticals-contaminated 
water. 
6.2.2.1 Norfloxacin Adsorption Isotherms at Different Solution Temperatures 
The NOR adsorption isotherms of PBS with respect to temperature (298.15, 308.15, and 
308.15 K) are illustrated in Figure 6.9. As the temperature was increased, the equilibrium NOR 
adsorption capacities of PBS increased. This indicated that the adsorption of NOR on PBS was 
an endothermic process, which was consistent with the adsorption of LEV on PBS in this work 
and NOR on carbon nanotubes (Wang et al. 2010c). In addition, the experimental equilibrium 
data were well fitted by the Langmuir-Freundlich model (Eq. (2.4), Chapter 2, and page 34), 
and the obtained model parameters with coefficient of determination (R2) and residual sum of 
squares (RSS) are presented in Table 6.3. The values of n, indicative of the surface site 
heterogeneity of the adsorbent, at 298.15, 308.15, and 318.15 K were 0.64, 0.77, and 0.83, 
respectively. It has been documented that the lower the value of “n”, the stronger the 
heterogeneity (Cerofolini and Rudziński 1997), therefore, such n values demonstrated a weaker 
heterogeneity at a higher temperature. Discussion in the regards was made together with the 
results of site energy distribution in the later part of this section. 
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Figure 6.9 NOR adsorption isotherms of PBS at different temperatures. 
50.0 ± 0.5 mL NOR solution, 5.0 ± 0.1 mg PBS, and pH 6.96 ± 0.07. Error bars represent 
standard deviation. 
  
Table 6.3 Fitting results of the Langmuir-Freundlich model for NOR adsorption on PBS 
at different temperatures. 
Temperature,  
K 
qm, 
mg/g 
b, 
L/mg 
n R2 
RSS, 
(mg/g)2 
298.15 ± 0.50 356 1.42 0.64 0.955 2394 
308.15 ± 0.50 367 1.53 0.77 0.933 3982 
318.15 ± 0.50 387 1.78 0.83 0.954 3335 
  
6.2.2.2 Approximate Site Energy and Its Distribution 
Again, by incorporating the values of Ce into Eq. (2.9) (Chapter 2 and page 36), the 
adsorption site energy E* was determined. Then, it was plotted against the equilibrium NOR 
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adsorption corresponding to the different temperatures in Figure 10a. As NOR loading 
increased, the adsorption site energy achieved at all solution temperatures dramatically 
decreased. Such result again revealed that at the same temperature, the high-energy adsorption 
sites on PBS were first occupied by NOR molecules at low concentrations, then the low-energy 
adsorption sites.  
 
 
Figure 6.10 Site energy and its distribution of PBS for NOR adsorption with respect to 
temperature: a) dependence of site energy E* on NOR loading; b) site energy distribution. Error 
bars represent standard deviation. 
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Based on the Langmuir-Freundlich modeling, the site energy distribution curves of PBS 
for NOR adsorption at different temperatures are illustrated in Figure 6.10b. Calculated by Eq. 
b(2.16) (Chapter 2 and page 36), the weighted mean of site energy distribution at 318.15 K 
(20.40 kJ/mol) was slightly higher than that of 298.15 K (16.27 kJ/mol) and 308.15 K (18.13 
kJ/mol), which indicated the slightly stronger EDA interactions at 318.15 K. As a result, 318.15 
K was more favorable for the adsorption reaction, which was consistent with the adsorption of 
LEV on PBS. This could also be interpreted by the increasing static dipole polarizability of the 
benzene ring of NOR (π-electron-acceptor) and the carboxyl, hydroxyl and aromatic groups of 
PBS (n- and π-electron-donors) with increase in temperature, which was discussed in the 
adsorption of LEV on PBS (Chapter 6 and pages 88-89).  
Furthermore, the values of maximum NOR adsorption capacity qm of PBS increased with 
increase in weighted mean of site energy distribution. This could be explained: as the 
temperature was increased, the site energy increased, and more binding sites were activated 
and available for NOR adsorption, as a result, the NOR adsorption capacity of PBS was 
improved. 
As discussed in the Section of 6.2.1.3, PBS demonstrated the energetical heterogeneity for 
adsorption of NOR, and the energetical heterogeneity could be depicted by the standard 
deviation (𝜎𝜎𝑒𝑒∗) of site energy distribution. Given in Figure 6.10b, the 𝜎𝜎𝑒𝑒∗ values of PBS at 298.15 
K, 308.15 K and 318.15 K were 6.89 kJ/mol, 6.00 kJ/mol and 5.74 kJ/mol, respectively. 
Therefore, the obtained values of “n” from the Langmuir-Freundlich model and 𝜎𝜎𝑒𝑒∗ determined 
from site energy distribution both demonstrated the consistent result that at the tested 
temperatures, the higher the temperature, the lower the heterogeneity. It can be interpreted as 
follows. EDA interactions (n-π, and π-π interaction) were proposed as one of the primary forces 
in the adsorption of NOR on PBS. Such interactions were the attractive forces between 
electron-rich (donors, i.e., PBS) and electron-deficient (acceptors, i.e., NOR) entities. Thus, the 
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electronic density heterogeneity of the adsorbent surface contributed to the energetical surface 
heterogeneity of the adsorbent which was reflected by the standard deviation of site energy 
distribution. Increasing temperature weakened the electronic density heterogeneity of the 
adsorbent surface, particularly for carbonaceous materials such as activated carbon (Fujiwara 
et al. 1991, Kaneko 1997), and thus narrowed the dispersion of EDA interactions of the 
adsorbent with the adsorbate. Such result was consequently reflected by the slightly decrease 
of standard deviation of the distribution as solution temperature was increased.  
Furthermore, based on the site energy distribution F(E*), the percentage (P) of binding 
sites (the site energy of which were greater than or equal to a specific value of E*) was estimated 
by Eq. (2.21) (Chapter 2 and page 37). Determined by Eq. (2.21), the value of P(𝐸𝐸𝑚𝑚∗  =16.21 
kJ/mol) at 298.15 K was 50.0%, which meant that 50 percentage of binding sites had site 
energies greater than or equal to 16.21 kJ/mol. The P value of the weighted mean of the 
distribution, μ(E*) (16.27 kJ/mol at 298.15 K), was 49.6%. 
6.3 Desorption of Norfloxacin Adsorbed on Pretreated Barley Straw 
Desorption experiments were conducted immediately after adsorption equilibrium (168 h) 
at the same temperature and in the same vials as those for adsorption experiments. The residual 
NOR solutions (the initial concentrations were 40, 60, and 80 mg/L) were removed from the 
vials by a SOCOREX Acura 835 micropipette (1-10 mL). Then, the same volume of 50 mL 
ethylenediaminetetraacetic acid disodium salt dihydrate (EDTA, 100 mg/L) solutions were 
added to each vial containing the adsorbents loaded with NOR. The amount of NOR adsorbed 
on PBS were 333, 359, and 378 mg/g, respectively. The solution pH was adjusted to a value of 
2.00 in order to obtain a higher desorption efficiency (determined by the ratio of the amount of 
NOR released from the adsorbent at the equilibrium of desorption to the amount of initially 
loaded NOR on the adsorbent). The vials were then shaken at 150 rpm for 168 h in the dark. 
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The desorption efficiencies of PBS samples loaded with 333, 359, and 378 mg NOR/g 
were (25 ± 3)%, (30 ± 3)%, and (39 ± 3)%, respectively. Although these values were higher 
than those of LEV adsorbed on PBS, they were still  much lower than those of nickel adsorbed 
on RBS (Thevannan et al. 2010) and Au(CN)2 adsorbed on the crab shells in which ion 
exchange and electrostatic attraction were proposed as the predominant mechanisms (Niu 
2002). The strong binding of NOR by PBS once again indicated that π-π EDA interaction, the 
bonding strength of which could be larger than that of hydrogen bond, and comparable to inner- 
and outer-sphere complex formation (Keiluweit and Kleber 2009), may be one of the major 
adsorption mechanisms. In addition, the result supported that the pH-dependent electrostatic 
attraction was not the principal mechanism. Considering that the achieved desorption 
efficiency was low, other methods, such as oxidation and thermal treating in a microwave 
furnace, may be employed to improve the desorption efficiency. More in depth desorption 
investigations would form an area of future research. 
6.4 Electron-Donor-Acceptor Interactions Characterized by X-ray 
Absorption Near Edge Structure Spectroscopy  
The electronic structures of PBS, NOR, and PBS loaded with NOR were studied by the X-
ray absorption near-edge structure (XANES) spectroscopy using a scanning transmission X-
ray microscope (STXM) beamline at the Canadian Light Source. The corresponding C 1s K-
edge XANES spectra are presented in Figure 6.11a. The resonance peaks at energy levels of 
285.67 and 288.09 eV on the spectrum of PBS corresponded to C 1s →π* C=C of aromatic C 
and carboxylic C (Chen et al. 2014a, Heymann et al. 2011), respectively. There were resonance 
peaks at 284.92, 285.98, and 286.58 eV observed on the NOR spectrum, which have been 
attributed to the carbon atoms in benzene ring attached to hydrogen (C=C*-H) (Kuznetsova et 
al. 2001), nitrogen (C=C*-N) (Stöhr 1992), and fluorine (C=C*-F) (Brzhezinskaya et al. 2009, 
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Plaschke et al. 2005), respectively. The peak at 288.54 eV of NOR represented C 1s →π* C=O 
transition of carboxylic C (Lu et al. 2013). Comparing the spectra of PBS, NOR, and PBS 
loaded with NOR, blue shifts of the peaks were observed from 285.67 and 288.09 eV of the 
spectrum of PBS to 285.82 and 288.24 eV of the spectrum of PBS loaded with NOR, which 
was also observed in the C K-edge XANES spectra of LEV adsorption on PBS (Figure 5.17 on 
page 97). Such blue shifts meant the higher energy value of photon resonance for excitation, 
and that the carbon atoms of aromatic π*(C=C) and carboxylic π*(C=O) of NOR loading on 
PBS had partial-positive charges with less electron densities (Kuznetsova et al. 2001).  
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Figure 6.11 XANES spectra of PBS, NOR, and PBS loaded with NOR (qe = 349 ± 17 mg/g): 
a) C 1s K-edge XANES spectra; b) O 1s K-edge XANES spectra.  
50.0 ± 0.5 mL NOR solution (C0 = 100 mg/L), 5.0 ± 0.1 mg PBS, pH 6.96 ± 0.07, and 298.15 
± 0.50 K. 
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Furthermore, the O 1s K-edge spectra of PBS, NOR, and PBS loaded with NOR are 
illustrated in Figure 6.11b. The peak representing O 1s O-C=O at 532.40 eV (Calborean et al. 
2015) of the spectrum of PBS blue shifted to 532.80 eV of the spectrum of PBS loaded with 
NOR. The results of C 1s and O 1s XANES spectra demonstrated that the surface-associated 
electron-rich carboxylic groups (-COO-) and aromatic groups of PBS served as n-electron-
donors and π-electron-donors (Okbinoğlu 2014). This may be explained as follows: the 
functional groups of PBS (e.g., carboxyl and hydroxyl) were polar groups and can be polarized, 
surface sites close to the polarized edge sites or defects of graphene sheets could serve as 
electron-rich-(n or π)-donors, as informed in adsorption of benzene on charcoal and of 
polycyclic aromatic hydrocarbons on soot (Kubicki 2006, Zhu et al. 2005, Zhu and Pignatello 
2005); on the other hand, the carbon atom that is bonded to the fluorine (C=C*-F) within a 
benzene ring of NOR has been reported to work as a π-electron-acceptor due to the strong 
electron withdrawing ability of F (Keiluweit and Kleber 2009, Wang et al. 2010c); therefore, 
the proposed EDA interactions (n-π and π-π) between the polarizable PBS (carboxyl and 
aromatic groups, n- or π-electron-donors) and NOR (carbon atom in benzene ring attached to 
F, π-electron-acceptor) became reasonable. The EDA interactions (n-π and π-π) between the 
adsorbates (e.g., norfloxacin (Wang et al. 2010c), naphthalene and atrazine (Shen et al. 2015)) 
and heterogeneous adsorbents (such as lignin (Wang et al. 2007) and humic substances (Zhu 
et al. 2004)) have been reported to play the predominant role. Therefore, such interactions were 
also proposed as one of the dominant mechanisms in the adsorption of NOR on PBS.  In a real 
aquatic system, mechanisms like EDA interactions, hydrogen bond, electrostatic attraction, and 
hydrophobic interaction may simultaneously work in the adsorption of NOR on PBS, which 
needs to be further investigated.  
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6.5 Comparison of Norfloxacin Adsorption Capacity of PBS with Other 
Adsorbents 
The experimentally obtained NOR adsorption capacity of PBS (396 ± 19 mg/g) was much 
higher than that of RBS (54 ± 15 mg/g) and adsorbents in literature, such as carbon nanotubes 
(<150 mg/g at pH 6.8-7.2 and room temperature) (Peng et al. 2012, Wang et al. 2010c), iron-
doped activated alumina (7 mg/g at pH 6.5 and 298.15 K), and lotus stalk-based activated 
carbon (295 mg/g at pH 5.5 and 298.15 K) (Liu et al. 2011). The results demonstrated that PBS 
was also effective for NOR adsorption and had a promising potential for removal of antibiotics 
in aquatic systems.    
6.6 Chapter Summary 
In this chapter, as another model of antibiotics, NOR was efficiently removed by the 
adsorbent PBS. The experimentally achieved NOR adsorption capacity of PBS was 396 ± 19 
mg/g at pH 6.96 ± 0.07, which was much higher than that of RBS and the reported adsorbents. 
High NOR adsorption capacities of PBS were achieved in a wide pH range from 2.67 ± 0.06 
to 10.50 ± 0.13. As such, the EDA interactions (such as n-π and π-π) that was not significantly 
affected by the moderate solution pH, between the polarizable PBS (carboxyl and aromatic 
groups, as n- and π-electron-donors) and NOR (carbon atom in benzene ring attached to F, as 
a π-electron-acceptor), were proposed as one of the major forces and characterized by C and O 
K-edge XANES. In addition, hydrogen bond could also play a role in the adsorption. The 
adsorption kinetics and equilibrium isotherms with respect to temperature were investigated 
using the pseudo-second-order kinetic model and Langmuir-Freundlich model, respectively. 
According to the Arrhenius equation, the activation energy was determined to be 22.21 kJ/mol. 
The adsorption mechanism was investigated by the analysis of site energy and its distribution. 
The results of the activation energy, site energy distribution, and XANES supported that 
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chemical adsorption was the dominant mechanism in the adsorption of NOR on PBS, and that 
the EDA interactions played an important role. As a critical operating parameter, temperature 
affected the adsorption process as follows: i) the adsorption rate constant k increased with 
increase in temperature which led to the increase of NOR adsorption rate; ii) the adsorption of 
NOR on PBS was an endothermic process, more binding sites were activated and available for 
NOR adsorption at a higher temperature, therefore, the corresponding NOR adsorption capacity 
of PBS enhanced; iii) the promoted temperature enhanced the static dipole polarizability, as a 
result, the EDA interactions of PBS with NOR were strengthened, which was reflected by the 
increasing weighted mean of site energy distribution as temperature was increased; vi) the 
increasing temperature weakened the electronic density heterogeneity of the adsorbent surface, 
and thus narrowed the dispersion of EDA interactions of PBS with NOR, which was 
consequently reflected by the slightly decrease of the standard deviation of the distribution as 
temperature was increased, in the tested temperature range (298.15 K-318.15 K), the higher the 
temperature, the lower the energetical heterogeneity. Furthermore, the percentage of adsorption 
sites, the site energy of which are greater than or equal to a specific energy E*, was estimated.  
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CHAPTER 7 ADSORPTION OF NICKEL ON PRETREATED 
BARLEY STRAW AND IMPACT OF NICKEL ON 
LEVOFLOXACIN ADSORPTION  
In addition to pharmaceuticals-containing wastewater, large quantities of nickel 
wastewater are generated and discharged into the environment. Nickel-containing wastewater 
is associated with several diseases (e.g., dermatitis, nausea, chronic bronchitis, gastrointestinal 
distress, and lung cancer) and thus threatens human health (Flores-Garnica et al. 2013, Sharma 
and Singh 2013). Furthermore, the discharged nickel ions may pose another health threat as 
they coexist with antibiotics (e.g., LEV) in diverse aquatic systems. There is a need to 
effectively remove nickel ions from water bodies and streams to ensure the adequately treated 
effluent quality for various uses and to protect human health. 
7.1 Adsorption of Nickel on Adsorbents Based on Barley Straw 
It is well known that solution pH affects charge state of adsorbent and speciation of 
adsorbate, and therefore the adsorption process. As presented in the former chapters of this 
dissertation (Figure 5.6 on page 76), the value of point of zero net charge (PZNC) of PBS was 
determined to be 4.1. Thus, the surface of PBS was positively charged (solution pH < 4.1), 
otherwise negatively charged at pH higher than that. To ensure that the surface of PBS becomes 
negatively charged, the solution pH has to be higher than 4.1. In addition, the fact that nickel 
precipitation occurs at solution pH 8 and above should be considered (Cayllahua et al. 2009). 
As such, effect of solution pH on the adsorption of nickel (Ni2+) by PBS was first examined at 
pH 5.0 ± 0.1 and 7.0 ± 0.1 (C0 = 1000 mg/L), respectively. Adsorption experiments were run 
for 5 hours to ensure that the adsorption equilibrium was reached, which was consistent to the 
previous work (Thevannan et al. 2010). Each of the experiments was performed in duplicate. 
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The achieved equilibrium nickel adsorption capacity 55.8 mg/g at pH 7.0 was higher than 29.3 
mg/g at pH 5.0. 
In the adsorption process, nickel ions exchanged with protons of the acidic functional 
groups on PBS and were adsorbed via electrostatic attraction, which was evidenced by the fact 
that protons were released into the solution, therefore the solution pH decreased during the 
process of nickel adsorption. As a result, to maintain a constant value of solution pH, it had to 
be instantly automatically adjusted by the SCHOTT titrator via adding 0.1 M sodium hydroxide. 
Thus, electrostatic attraction between the negatively charged surface of PBS and positively 
charged nickel ions, was suggested to dominant the adsorption process. The solution pH 7.0 
resulted in a more negatively charged surface of PBS, therefore stronger adsorption affinity 
(electrostatic interaction), which enhanced the nickel adsorption capacity of PBS. 
As such, the nickel adsorption isotherm of PBS was determined at pH 7.0 ± 0.1 with 
equilibrium nickel concentrations from 1.7 mg/L to 932 mg/L. Each of the experiments was 
performed in duplicate. The equilibrium nickel adsorption data of PBS and RBS are presented 
in average value with standard deviation and illustrated in Figure 7.1. The model of Langmuir-
Freundlich (Sips 1948) was used to fit the experimental data, and the regressed parameters of 
the model are listed in Table 7.1. The experimental data of PBS and RBS were also well fitted 
by the Langmuir-Freundlich model with high values of coefficients of determination R2 (≥ 
0.980). Compared with RBS, the b value of PBS was again much higher than that of RBS 
indicating the higher binding energy of PBS with nickel ions than that of RBS. In addition, the 
qm value of PBS obtained from the Langmuir-Freundlich modeling (59.5 ± 3.0 mg/g) was much 
higher than that of RBS (6.8 ± 1.3 mg/g). It demonstrated that after H3PO4 modification, more 
binding sites on RBS are available for nickel adsorption as well. 
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Figure 7.1 Nickel adsorption isotherms of PBS and RBS. 
300 ± 2 mL nickel solution, 600 ± 2 mg PBS or RBS, 298.15 ± 0.50 K, and pH 7.0 ± 0.1. Error 
bars represent the standard deviation. 
 
Table 7.1 The Langmuir-Freundlich modeling results of nickel adsorption on PBS and 
RBS. 
Equation Parameters PBS RBS 
𝑞𝑞𝑒𝑒 = 𝑞𝑞𝑚𝑚𝑏𝑏𝐶𝐶𝑒𝑒𝑛𝑛1 + 𝑏𝑏𝐶𝐶𝑒𝑒𝑛𝑛 
qm, mg/g 59.5 ± 3.0 6.8 ± 1.3 
b, L/mg 0.196 ± 0.019 0.034 ± 0.039 
n 0.619 ± 0.085 0.808 ± 0.378 
R2 0.998 0.980 
RSS*, (mg/g)2 46.29 0.24 
* RSS residual sum of squares (mg/g)2. 
 
Previous FTIR analyses of PBS and RBS indicated that carboxyl groups were created on 
PBS. The proton dissociation constants (pKa) of carboxyl group is 3.5-4.5 (Buffle et al. 1988, 
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Roberts 1992). This may lead to that the PZNC of PBS (4.1) was lower than that of RBS (5.9), 
which demonstrated that PBS had more acidic groups to bind nickel ions than RBS. In addition, 
the specific surface area of PBS was determined to be 1314 ± 10 m2/g, while that of RBS was 
just 1.8 m2/g. The surface morphology of PBS and RBS characterized by scanning electron 
microscopy also demonstrated that PBS had an enhanced porous structure compared with RBS. 
The well-developed pores of PBS facilitated nickel ions effectively accessing the functional 
groups on PBS. As a result, the significantly enhanced nickel adsorption capacity of PBS could 
be mainly contributed by the aforementioned acidic functional groups and porous structure of 
PBS. 
7.2 Site Energy and Its Distribution 
Figure 7.2a displays the site energy E* as a function of the equilibrium nickel adsorption 
capacity qe. Consistent with the adsorption of LEV and NOR on PBS, E* of PBS and RBS for 
nickel dramatically decreased as nickel loading increased, which also revealed that nickel ions 
first occupied the high-energy adsorption sites of PBS and RBS, then spread to the low-energy 
adsorption sites. 
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Figure 7.2 Site energy (a) and its distributions (b) of PBS and RBS for nickel adsorption. 
 
The site energy distributions of PBS and RBS for nickel adsorption are plotted in Figure 
7.2b. Reflected by the much bigger area under the distribution curve of PBS than that of RBS, 
PBS again showed a higher maximum nickel adsorption capacity than RBS, which was also 
confirmed by the experimental data. It again demonstrated that the pretreatment method 
successfully enhanced the nickel adsorption capacity of RBS. 
As illustrated in Figure 7.2b, there was an overall right shift of site energy of PBS 
compared with that of RBS, reflecting the overall increase in site energy of PBS. Again, 
determined by Eq. (2.16) (Chapter 2 and page 36), PBS had a higher weighted mean of site 
energy distribution (26.56 kJ/mol) than RBS (22.75 kJ/mol), which indicated the stronger 
adsorption affinity of PBS for nickel ions (Carter et al. 1995). Thus, in addition to adsorption 
of LEV and NOR, PBS was more favorable for adsorption of nickel than RBS as well. This 
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could be attributed to the increased number of oxygen-containing functional groups of PBS, 
especially carboxyl groups having higher affinity for nickel ions (Shen et al. 2015).  
Moreover, both PBS and RBS revealed site energy heterogeneity for adsorption of nickel 
ions, evidenced by the site energy distribution curves in Figure 7.2b. The standard deviation 
𝜎𝜎𝑒𝑒
∗ of the distribution was again applied to characterize the energetical heterogeneity of the 
adsorbents in this chapter. Through Eqs. (2.17), (2.18) and (2.19) (Chapter 2 and page 37), the 
𝜎𝜎𝑒𝑒
∗ values of PBS and RBS for nickel adsorption were determined to be 7.24 and 5.62 kJ/mol, 
respectively. The slightly higher 𝜎𝜎𝑒𝑒∗  value of PBS than that of RBS indicated the slightly 
stronger heterogeneity of PBS than that of RBS, which was consistent with the NOR adsorption 
on PBS and RBS. Similar to discussion in the Section of 6.2.1.3, such result might be due to 
the collective effects of the specific porous structure and diverse functional groups of PBS. 
However, the actual mechanisms need to be further investigated. 
7.3 Desorption of Nickel Adsorbed on Pretreated Barley Straw 
Desorption experiments were conducted at pH 2.0 ± 0.1. Desorption efficiency of the 
nickel loaded on PBS, the ratio of nickel eluted from PBS loaded with nickel to the initially 
loaded nickel, was determined to be 91.1%. The results indicated that higher electronegativity 
value H+ ions (EN. H+ is 2.20) were able to replace Ni2+ ions (EN. Ni2+ is 1.91) (Ewecharoen 
et al. 2009), and that ion exchange played an important role in the nickel adsorption on PBS. 
Niu et al. achieved 100% elution of Au(CN)2- from the acid washed crab shells and proved that 
the adsorption was mainly through electrostatic attraction (Niu 2002). The slightly lower 
desorption efficiency (91.1%) in this work implied that other mechanisms might also be 
involved in the adsorption of nickel on PBS. It has been reported that metal ions can be bonded 
to carboxyl groups through chelation (Nakamoto 2008). The carboxyl groups of PBS may play 
an important multi-roles that significantly enhanced the nickel adsorption capacity of PBS than 
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that of RBS. The nickel adsorption mechanism was further investigated by the X-ray analyses 
in the following section. 
7.4 X-ray Analyses of Nickel Adsorption on Pretreated Barley Straw 
The X-ray fluorescence (XRF) spectra of PBS after exposure to nickel solutions are 
illustrated in Figure 7.3a, and show that the intensity of the peaks for nickel (Kα and Kβ) 
increased as the amounts of nickel adsorbed on PBS was increased. The XRF results again 
confirmed that nickel ions were adsorbed on PBS. Figure 7.3b displays XRF spectra of PBS 
loaded with nickel (qe = 35.8 mg/g) and PBS after desorption. The results clearly demonstrated 
that most of adsorbed nickel (~90%) was eluted from PBS at solution pH 2.0, which verified 
that the majority of nickel adsorption was reversible by lowering the solution pH to 2.0.  
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Figure 7.3 XRF spectra of nickel adsorbed on PBS (a) and after desorption (b). 
 
In order to further investigate the adsorption mechanism, X-ray absorption spectroscopy 
(XAS) was used to characterize the chemical state and the environment of Ni atom. X-ray 
absorption near edge structure (XANES) spectroscopy could provide information about the 
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coordination geometry and oxidation state of the metal, whereas extended X-ray absorption 
fine structure (EXAFS) spectroscopy contains information about the backscattering atoms, 
coordination numbers (CN), and atomic distance (r) (Ewecharoen et al. 2009).  
Figure 7.4 displays the results of normalized Ni K-edge XANES spectra of PBS loaded 
with Ni (curve a) in comparison with that of NiSO4 (curve b, the valence of nickel is +2) and 
metallic Ni foil (curve c, the valence of nickel is 0) which were used as references in order to 
verify whether the valence of adsorbed nickel is the same as that of Ni(II) of nickel sulfate 
(nickel solution was prepared by dissolving NiSO4·6H2O into water in this work). The close 
absorption edge position of Ni adsorbed by PBS and NiSO4 clearly indicated that the oxidation 
state of Ni adsorbed by PBS was Ni(II), which suggested that the oxidation state of Ni 
unchanged during the adsorption process of nickel on PBS. Such result was different from the 
adsorption of Cr(VI) from aqueous solution on polypyrrole wrapped oxidized multi-walled 
carbon nanotubes, in which Cr(VI) was partially reduced to Cr(III) (Bhaumik et al. 2016).  
 
 
Figure 7.4 Ni K-edge XANES spectra: a) Ni adsorbed on PBS (blue, pH = 7.0 and qe = 35.8 
mg/g); b) NiSO4 (red); c) nickel foil (green). 
136 
 
The k2-weighted EXAFS spectra and the corresponding Fourier transforms into R-space 
of Ni adsorbed on PBS, NiSO4 (nickel solution was prepared by dissolving NiSO4·6H2O into 
water in this work), and Ni(CH3COO)2 (as reference of Ni-C crystal structure) samples are 
illustrated in Figure 7.5. The fitting results and structural parameters are listed in Table 7.2. 
The main features of Ni adsorbed on PBS in Figure 7.5b (peaks 1 and 2) matched well with 
those from NiSO4·6H2O. However, the rests (peaks 3 and 4) were closer to Ni(CH3COO)2. 
Peak 1 and 2 of Ni adsorbed on PBS could be well fitted by first oxygen shell of NiSO4 
(Beevers and Lipson 1932) or NiCO3 (Pertlik 1986) at an atomic distance of 2.043 ± 0.013 Å 
with a coordination number (CN) of 6, and both the values of R-factor, representing the relative 
error of the crystallographic model fitting results to the experimental data, were 0.008. It 
indicated that Ni was surrounded by six oxygen atoms after adsorbed on PBS. The peaks 3 and 
4 that were fitted by those of Ni(CH3COO)2, implied that the adsorbed Ni(II) might be bonded 
to the carboxyl groups on PBS. The result was in accordance with adsorption of copper ion on 
soil in which copper was suggested to be bonded to six oxygen atoms of the organic matter of 
soil (Graouer-Bacart et al. 2013). Thus, the interactions between the adsorbent PBS and 
adsorbate nickel could be proposed: pH-dependent electrostatic attraction and/or cation 
exchange dominated the adsorption, which was supported by release of proton and higher 
desorption efficiency (91.1%) at pH 2.0; and chelation between nickel and carboxyl groups of 
PBS might also exist though being insignificant, which could explain the small amount of 
undesorbed nickel on PBS. For aqueous environmental systems, multiple bonding mechanisms 
are expected to operate simultaneously. The actual mechanisms of nickel adsorption by PBS 
need further investigation. 
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Table 7.2 Structural parameters obtained from the EXAFS analysis of nickel adsorbed 
on PBS. 
Nickel Samples Shell CN r (Å) r (Å)XRD σ2 (Å2) 
NiSO4·6H2O Ni-O 6 2.036 ± 0.012 2.016 (Beevers 
and Lipson 1932) 
0.0040 
NiCO3 (Pertlik 1986) Ni-O 6 -- 2.076 -- 
Ni-C 6 -- 2.932 -- 
Ni-adsorbed on PBS Ni-O 6 2.043 ± 0.013 - 0.0065 
--: not given in literature. 
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Figure 7.5 k2-weighted EXAFS spectra (a) and their Fourier transforms (b) of Ni adsorbed on 
PBS (qe = 35.8 mg/g), NiSO4, and Ni(CH3COO)2. 
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7.5 Comparison of Nickel Adsorption Capacity of Pretreated Barley Straw 
with Other Adsorbents 
For further comparison, the nickel adsorption capacity of PBS (qm, obtained from 
Langmuir-Freundlich fitting) and other adsorbents reported in literature are summarized in 
Table 7.3. Nickel adsorption capacity of PBS determined in this work was higher than that of 
RBS, activated carbon from lignin (14 mg/g) (Gao et al. 2013), Bofe clay (1.9 mg/g) (Vieira et 
al. 2010), zeolite (26.8 mg/g) (Quintelas et al. 2013), aerobic activated sludge (24.3 mg/g) (Liu 
et al. 2012), lignocellulosic bagasse (2.8 mg/g) (Krishnani et al. 2009), Irish peat moss (21.1 
mg/g) (Sen Gupta and Bhattacharyya 2008), magnetic porous Fe3O4-MnO2 (55.6 mg/g) (Zhao 
et al. 2016), and close to the graphene oxide membranes (62.3 mg/g) (Tan et al. 2015). 
Although the activated carbon made from sugarcane bagasse pith had a higher nickel 
adsorption capacity (140.8 mg/g) (Krishnan et al. 2011), the preparation was placed in a muffle 
furnace maintained at 673.15 K for 1 h, then kept at 873.15 K for 2 h, which costed much more 
energy and time. The treatment of RBS in this work (9 min in microwave) is energy- and time-
saving, and relatively low-cost. 
 
 
 
 
 
 
 
 
 
140 
 
Table 7.3 Comparison of nickel adsorption capacity of PBS with adsorbents reported in 
literature. 
Adsorbents pH qm, mg/g Source 
Pretreated barley straw 7.0 59.5 ± 3.0 This work 
Raw barley straw 7.0 6.8 ± 1.3 This work 
Activated carbon from lignin 6.4 14.0 (Gao et al. 2013) 
Gamma irradiation activated 
carbon 
3.9 55.7 (Ewecharoen et al. 2009) 
Bofe clay 5.3 1.9 (Vieira et al. 2010) 
Zeolite 6.0 26.8 (Quintelas et al. 2013) 
Activated carbon from 
sugarcane bagasse pith 
6.5 140.8 (Krishnan et al. 2011) 
Aerobic activated sludge 7.0 24.3 (Liu et al. 2012) 
Lignocellulosic bagasse 5.8 2.8 (Krishnani et al. 2009) 
Irish peat moss 5.7 21.1 (Sen Gupta and Bhattacharyya 2008) 
Graphene oxide membranes 5.7 62.3 (Tan et al. 2015) 
Magnetic porous Fe3O4-MnO2 7.7 55.6 (Zhao et al. 2016) 
 
7.6 Impact of Nickel on Levofloxacin Adsorption by Pretreated Barley Straw  
Effect of nickel on LEV adsorption by PBS at different solution pH (4.0 ± 0.1, 7.0 ± 0.1, 
and 9.0 ± 0.1) are illustrated in Figure 7.6. Addition of Ni(II) suppressed the adsorption of LEV 
on PBS at the tested three pH values, which may be due to the competition of the cation Ni2+ 
for the negatively charged adsorption sites of PBS. This result was consistent to the adsorption 
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of NOR on montmorillonite in the presence of Cu at pH 4.5 (Pei et al. 2011). However, the 
actual mechanism (e.g., the formation of ternary complexes between LEV, nickel and PBS) 
should be further investigated. 
 
 
Figure 7.6 Effect of nickel on LEV adsorption by PBS at different solution pH.  
50.0 ± 0.5 mL, LEV solution, 5.0 ± 0.1 mg PBS, contact time 168 h, and 298.15 ± 0.50 K. 
Error bars represent the standard deviation. 
 
7.7 Chapter Summary 
The adsorbent (PBS) made from raw barley straw with H3PO4 impregnation and 
microwave heating had a significantly enhanced nickel adsorption capacity almost six times 
that by RBS. Solution pH played an important role during the nickel adsorption process. The 
release of proton during adsorption and higher desorption efficiency (91.1%) at pH 2.0 
indicated that electrostatic attraction dominated the adsorption. Furthermore, XAS studies 
(XANES and EXAFS) demonstrated that the adsorbed Ni remained the oxidation state (II) 
142 
 
during the adsorption process and associated with 6 oxygen atoms from water or the functional 
groups on PBS (such as carboxyl groups) at a distance of 2.043 ± 0.013 Å. For the first time, 
the approximate adsorption site energy distributions based on the Langmuir-Freundlich model 
was determined for nickel adsorption on PBS. The results revealed that the high-energy 
adsorption sites on PBS were first occupied, then nickel adsorption spread to the low-energy 
adsorption sites. The pretreatment of H3PO4 impregnation with microwave heating influenced 
the energetical heterogeneity and adsorption affinity of adsorbents for nickel. With a higher 
degree of heterogeneity and a higher value of weighted mean (therefore higher adsorption 
affinity), PBS was more favorable than RBS for nickel adsorption. Moreover, because nickel 
may co-exist with antibiotics in aquatic systems, the effect of nickel on the adsorption of LEV 
by PBS was also studied. The results demonstrated that Ni(II) slightly suppressed the LEV 
adsorption on PBS at the tested pH values (4.0, 7.0, and 9.0).  
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CHAPTER 8 APPLICATION OF PRETREATED BARLEY 
STRAW IN ETHANOL DEHYDRATION  
The aforementioned work demonstrated that PBS had a high surface area and hydrophilic 
groups such as carboxyl and hydroxyl groups, it is of interest to investigate whether this 
adsorbent can be applied to diversified systems for the purpose of separation and purification. 
For that end, PBS was investigated on its capability to remove water from water-ethanol 
mixture in order to produce fuel grade ethanol. Bioethanol is a readily available, clean fuel 
made from plant-based feedstocks, such as sugar cane, potato, cassava, and corn. It has been 
considered to reduce the climate relevant greenhouse gas emissions (United Nations 
Environment Programme 2009). In 2014, 24.57 billion gallons of fuel ethanol were produced 
in the world. But the recent drop in oil prices still challenges the ethanol industry (Renewable 
Fuels Association 2015). Lowering the cost of ethanol production is essential. 
In the industrial production of bioethanol, the conversion of carbohydrates to bioethanol 
through fermentation only generates a low concentration of ethanol. The end fermentation 
broth contains 5-15 wt% ethanol mixed with other organics and water. Separation of ethanol 
from the fermentation broth is conventionally done by a distillation process to produce ethanol 
with a maximum concentration of 95.5 wt% due to the formation of an azeotropic mixture 
(Simo et al. 2009). Therefore, additional methods are needed to further break the azeotropic 
point and produce anhydrous ethanol. There are a number of methods available for this purpose, 
such as azeotropic distillation, vacuum distillation, extractive distillation, chemical dehydration, 
membrane, and adsorption (Chang et al. 2006, Kumar et al. 2010, Ladisch and Dyck 1979). 
Among these methods, the adsorption process using zeolite has been popularly applied in the 
ethanol industry due to its relatively low energy consumption and ability to produce a very dry 
product. However, problems still exist. Regeneration of the water saturated adsorbent zeolites 
requires temperature up to 473.15 K (Simo et al. 2009). In addition, the transient thermal waves 
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that were produced during regeneration create unwanted by-products such as carbonyl sulfide 
(COS) (Lin et al. 2012). Furthermore, disposal of exhausted molecular sieve zeolites must be 
done in consideration of environmental risk. In the past decades, research has been done using 
cost effective cellulose and starch biomass materials, such as corn (Ladisch and Dyck 1979, 
Quintero and Cardona 2009), cassava starch pearls (Kim et al. 2011), canola meal (Tajallipour 
et al. 2013), starch (Sun et al. 2013), sweet potato (Wang et al. 2010b), and palm stone and oak 
(Al-Asheh et al. 2004), for drying ethanol vapor. Water adsorption occurs when a water 
molecule interacts with polar groups such as hydroxyl group on the surface of adsorbent (Kim 
et al. 2011, Liu et al. 2010, Quintero and Cardona 2009). Use of biomass materials requires 
lower regeneration temperature (no higher than 383.15 K) and is environment-friendly, which 
reveals the great potential for drying ethanol.  
However, most of the researches using biomass materials to dry ethanol vapor still require 
energy. In order to further reduce the energy consumption in ethanol purification, attempts 
were made to directly remove water from ethanol-water liquid at room temperature instead of 
operating in vapor phase. It has been reported that RBS was able to selectively remove water 
from ethanol aqueous solution at room temperature and to concentrate ethanol (Sun et al. 2007). 
The obtained water capacity of barley straw was much higher than that of the aforementioned 
biomass materials tested in ethanol vapor dehydration. The results showed the great potential 
of RBS or the like for drying ethanol aqueous solution at room temperature. However, similar 
to the adsorption of nickel by RBS (Thevannan et al. 2010), there is a challenge that RBS is 
not stable when contacting with aqueous solution since the release of organic compounds from 
RBS into the liquid phase (measured as total organic carbon, TOC). Such issue needs to be 
addressed before this technology could be applied in industrial purification of bio-alcohols. 
In this chapter, PBS was applied as an adsorbent to selectively remove water and to purify 
ethanol from aqueous solutions. The adsorption capacities of PBS in single (only water or 
145 
 
ethanol) and binary (mixtures of water and ethanol) systems were evaluated. The effect of 
contact time between the adsorbent and the adsorbates was also investigated. To compare with 
the adsorbents reported in literature, the unit of adsorption capacity was converted from mg/g 
to mol/g. 
8.1 Adsorption of Water and Ethanol on Pretreated Barley Straw 
To address the issue of TOC release from RBS in the process of ethanol dehydration, TOC 
release of PBS in a single system (only water or ethanol) was first investigated. The water and 
ethanol adsorption capacities and the water to ethanol adsorption ratio of PBS were also 
determined with a comparison with RBS.  
The TOC release of RBS into water were measured to be 229 ppm (34.4 ± 0.9 mg TOC 
release/g dry RBS) while that of PBS was significantly reduced to 6 ppm (0.9 ± 0.2 mg TOC 
release/g dry PBS). It was observed that the solution of RBS turned yellow during the 
adsorption process. Organics were released into the solution. On the contrary, the solution of 
PBS was nearly colorless and transparent. 
In addition, PBS had a higher water adsorption capacity (0.63 ± 0.02 mol/g dry PBS) than 
RBS (0.50 ± 0.01 mol/g dry PBS). Furthermore, PBS had a lower adsorption of ethanol (0.13 
± 0.01 mol/g) than water, and maintained a water to ethanol adsorption ratio of 4.85 similar to 
that of RBS (5.00).  
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Table 8.1 Comparison of water and ethanol adsorption capacity of PBS with the reported 
adsorbents. 
Adsorbents 
Water 
adsorption, 
mol/g 
Ethanol 
adsorption, 
mol/g 
Adsorption 
ratio  
TOC 
release, 
mg/g  
Source 
PBS 0.63 ± 0.02 0.13 ± 0.01 4.85 ± 0.30 0.9 ± 0.2 This work 
RBS 0.50 ± 0.01 0.10 ± 0.00 5.00 ± 0.10 34.4 ± 0.9 This work 
RBS 0.43 ± 0.01 0.10 ± 0.01 4.31 ± 0.17 -- (Sun et al. 2007) 
Wheat 
straw 
0.22 ± 0.02 0.07 ± 0.03 3.22 ± 1.46 -- (Sun et al. 2007) 
Acid 
washed 
crab shells 
0.019 ± 0.001 0.024 ± 0.001 0.79 ± 0.08 -- (Sun et al. 2007) 
Zeolites 0.004 -- -- -- 
(Carmo and 
Gubulin 1997) 
Cassava 
shred 
0.24 -- -- -- 
(Okewale et al. 
2013) 
Canola 
meal 
0.12 -- -- -- 
(Ranjbar et al. 
2013b) 
--: not given in literature. 
 
Given in Table 8.1, the water adsorption capacity of PBS was higher than that of RBS in 
this work, raw barley straw (0.43 ± 0.01 mol/g), wheat straw (0.22 ± 0.02 mol/g) and acid 
washed crab shells (0.019 ± 0.001 mol/g) (Sun et al. 2007), zeolites (0.004 mol/g) (Carmo and 
Gubulin 1997), canola meal (0.12 mol/g) (Ranjbar et al. 2013a), and Cassava shred (0.24 mol/g) 
(Okewale et al. 2013). The water adsorption capacity of RBS in the previous work of Sun et al. 
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(Sun et al. 2007) was lower than that of RBS in this work, which indicated that the source of 
barley straw also affected the water adsorption capacity. Such effect needs to be further 
investigated. 
The results revealed that PBS has successfully reduced TOC release compared with RBS, 
which enhanced the stability of RBS. PBS demonstrated a better potential for industrial 
application in selectively adsorbing water from ethanol-water mixtures than RBS, which was 
further investigated as follows. 
8.2 Effect of Contact Time 
The adsorption of water and ethanol on PBS in single systems (water or ethanol) at 
different times are illustrated in Figure 8.1. The results indicated that adsorption of water by 
PBS was very fast and reached over 97% of the equilibrium adsorption capacity in the first 30 
minutes. The water adsorption equilibrium of PBS was achieved within 1 h. However, 
adsorption of ethanol on PBS was relatively low and slow, which achieved about 80% of the 
equilibrium adsorption capacity in the first 30 min and took 2 h to reach equilibrium. The 
achieved equilibrium water and ethanol adsorption capacities of PBS were 0.64 ± 0.02 and 0.17 
± 0.01 mol/g, respectively.  
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Figure 8.1 Effect of time on adsorption of water and ethanol by PBS.  
30.0 ± 0.1 g solution of water or ethanol, 0.20 ± 0.01 g PBS, and 298.15 ± 0.50 K. Error bars 
represent the standard deviation. 
 
In order to selectively remove water from ethanol, it is important to evaluate the ratio of 
water to ethanol adsorption of PBS at different time. The results revealed that the maximum 
molar ratio of water to ethanol adsorption was obtained at 0.5 h, being 4.68 (mol/mol). As time 
elapsed, the ratio dropped down. It could be due to that water molecules were adsorbed faster 
than ethanol molecules because the molecular size of water is 0.28 nm which is smaller than 
that of ethanol 0.44 nm (Carmo and Gubulin 1997). As a result, water adsorption on PBS 
approached equilibrium before ethanol on PBS, and with the time elapsed, more ethanol 
molecules were adsorbed, which caused the ratio of adsorbed water to ethanol decreased.  
The higher adsorption capacity of PBS for water than ethanol might be due to that water 
molecule had a higher polarity than ethanol. Such higher polarity of water molecules could 
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lead to a stronger interaction with the polar groups of PBS. Moreover, the micropore structure 
of PBS could work as a molecular sieve to separate water from ethanol. 
8.3 Concentration of Ethanol from Ethanol-Water Mixture 
To examine the capability of PBS to selectively remove water from ethanol-water mixture 
at 298.15 ± 0.5 K, batch adsorption experiments were done in ethanol-water mixtures initially 
containing 78 wt% ethanol, and the experimental data are illustrated in Figure 8.2. PBS 
increased the concentration of ethanol from 78 wt% to 89 wt% within 0.5 h, while RBS from 
78 wt% to 83 wt%. The results demonstrated that PBS obtained in this work not only enhanced 
the stability of barley straw by successfully reducing the release of TOC, but also had a higher 
water adsorption selectivity which concentrated ethanol to a higher purity compared with RBS 
during the dynamic adsorption process. 
 
 
Figure 8.2 Concentration of ethanol from ethanol-water mixture versus time 
30.0 ± 0.1 g water-ethanol mixture (ethanol 78 wt%), 0.20 ± 0.01 g PBS or RBS, and 298.15 ± 
0.50 K. Error bars represent the standard deviation. 
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It was also observed that with increase in contact time, ethanol concentration in the 
presence of PBS decreased to 82 wt% at 2 h, which was similar to that of RBS. As mentioned 
before, ethanol has a bigger molecular size, and takes longer time to diffuse and be adsorbed 
by PBS. At 1 h and over, adsorption of water reached saturation (equilibrium) while adsorption 
of ethanol continued, thus, ethanol concentration in the mixtures decreased. Such result 
indicated that utilization of PBS in ethanol dehydration could be optimized by a dynamic 
system control. In summary, PBS demonstrated the potential of dehydrating ethanol-water 
mixture to achieve the high purity ethanol. 
8.4 Chapter Summary 
The results of water and ethanol adsorption experiments indicated that PBS not only 
demonstrated a significantly reduced TOC release and enhanced stability, but also had a higher 
water adsorption capacity (0.63 ± 0.02 mol/g) and a close water to ethanol adsorption ratio 
(4.85) comparing with those of RBS (0.50 ± 0.01 mol/g and 5.00). PBS also had a higher water 
adsorption selectivity during the dynamic adsorption process and was able to concentrate 
ethanol to a higher purity. Importantly, utilization of PBS in ethanol concentration can be 
optimized by a dynamic system control in order to achieve a higher concentration of ethanol. 
In addition, the water adsorption capacity of PBS was much higher than the reported adsorbents 
in literature. As such, PBS also showed the potential for application in purifying ethanol from 
water. The results again demonstrated the pretreatment method applied in this work could 
successfully enhance the stability of biomass materials. Moreover, how to further improve the 
water adsorption capacity should be considered in future work. 
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CHAPTER 9 CONCLUSIONS, ORIGINAL CONTRIBUTIONS, 
AND RECOMMENDATIONS FOR FUTURE WORKS  
9.1 Conclusions and Original Contributions 
1. Pretreated barley straw with a high adsorption capacity and an enhanced stability, was 
successfully made from raw barley straw with 5% (w/v) H3PO4 impregnation and 9 
min 700W microwave heating. Revealed by the results of SEM and BET surface area, 
PBS had a well-developed porous structure and high surface area. Importantly, the 
TOC release of PBS was decreased to 0.9 ± 0.2 mg/g that was over 38 times lower than 
that of RBS (34.4 ± 0.9 mg/g), indicating the enhanced stability of PBS. The 
pretreatment method may be transferrable to modify other agricultural byproducts for 
wide applications.  
2. Levofloxacin was effectively removed from aqueous solution by PBS in a wide range 
of solution pH (2.47-9.60). Adsorption of LEV on PBS was an endothermic process. 
The experimental LEV adsorption capacity of PBS (408 ± 5 mg/g at pH 6.88 and 
298.15 K) was much higher than that of the reported adsorbents. The elevated ionic 
strength slightly decreased the LEV adsorption capacity of PBS. Based on the above 
results together with the analyses of activation energy (45.9 kJ/mol), C K-edge XANES, 
FTIR, and site energy distribution, the LEV adsorption was mainly through chemical 
adsorption, and π-π EDA interaction, and hydrogen bond could be one of the dominant 
mechanisms.  
3. Norfloxacin was efficiently removed from aqueous solution by PBS in a wide pH range 
(2.67-10.50). Adsorption of NOR on PBS was an endothermic process. The 
experimental NOR adsorption capacity of PBS (396 ± 19 mg/g at pH 6.96 and 298.15 
K) was much higher than that of adsorbents in literature. The analyses of adsorption 
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kinetics, C and O K-edge XANES, and site energy distribution suggested that such 
adsorption process was also mainly by chemisorption, and π-π and n-π EDA 
interactions, and hydrogen-bond could be one of the primary forces.  
4. Nickel adsorption capacity was significantly enhanced by PBS (59.5 ± 3.0 mg/g), 
almost six times that by RBS (10.2 ± 2.0 mg/g). Solution pH played an important role. 
XAS studies (XANES and EXAFS) demonstrated that the adsorbed Ni remained the 
same oxidation state (II) as NiSO4, and it was associated with 6 oxygen atoms from 
water or the functional groups of PBS (e.g., carboxyl groups) at an atomic distance 
2.043 ± 0.013 Å.  
5. Ni(II) slightly suppressed the adsorption of LEV on PBS at the tested pH values (4.0, 
7.0, and 9.0), which might be due to the competition between LEV and the cationic 
Ni(II) for the negatively charged adsorption sites of PBS. 
6. Water security is an important part of sustainability. Water pollution and scarcity 
directly affect environment, economy, and society. Treatment of antibiotics/nickel 
containing wastewater contributed to the sustainable development. 
7. PBS also had a higher water adsorption capacity (0.63 ± 0.02 mol/g) and a close water 
to ethanol adsorption ratio (4.85) comparing with those of RBS (0.50 ± 0.01 mol/g and 
5.00). Furthermore, utilization of PBS in ethanol concentration can be optimized by a 
dynamic system control in order to achieve a higher concentration of ethanol.  
9.2 Recommendations for Future Works 
 PBS demonstrated high adsorption capacities for LEV and NOR, representatives of FQ 
antibiotics, whether PBS works for other antibiotics (e.g., β-lactams, sulfonamides, and 
tetracyclines) needs to be investigated. 
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 Although the adsorption kinetics in this work was investigated by the pseudo-second-
order kinetic model that is based on chemical reaction, the mass transfer in the 
adsorption process should be studied. 
 π-π and n-π EDA interactions, and hydrogen-bond were proposed as one of the 
dominant mechanisms in the adsorption of FQ antibiotics on PBS. However, in a real 
aquatic system, mechanisms like EDA interactions, electrostatic attraction, and 
hydrophobic interaction may simultaneously work in the adsorption of FQ antibiotics 
on PBS. Thus, further investigations on the binding strengths of EDA interactions, 
electrostatic attraction, hydrophobic interaction, and other interactions are required. 
 The desorption efficiencies of PBS samples loaded with antibiotics were far from the 
satisfactory level. Other methods, such as oxidation and thermal treating in a 
microwave furnace, may be employed to improve the desorption efficiency. More in 
depth desorption investigations would form an area of future research. 
 Due to the limit of the HPLC used in this work, the initial concentrations of antibiotics 
were in ppm level (mg/L), while most of the reported antibiotic concentrations in water 
bodies and water streams were at ppb level (μg/L) and even at ppt level (ng/L). More 
works should be done at such low concentrations. 
 The presence of Ni(II) slightly suppressed the adsorption of LEV on PBS at the tested 
pH values (4.0, 7.0, and 9.0) in this work. The mechanisms such as the interaction of 
PBS-LEV-nickel should be further investigated. 
 PBS demonstrated higher adsorption capacities for water and ethanol and a slightly 
lower selectivity than RBS. How to further improve the selectivity should be considered. 
 H3PO4 was used in the production of PBS, the recycle and reuse of the residue H3PO4 
solution need to be investigated to fulfill the requirement of sustainability. In addition, 
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continuing reducing the MW energy used in the pretreatment process could form an 
area of future research. 
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NOMENCLATURE 
b   adsorption equilibrium constant (L/mg)-n 
C0   initial adsorbate concentration (mg/L) 
Ce   equilibrium adsorbate concentration (mg/L) 
Cs   maximum solubility of adsorbate in water (mg/L) 
E   adsorption energy refers to the difference between the adsorbate and the solvent (water) for 
a given adsorption site (kJ/mol) 
E*   difference of adsorption energy at Ce and Cs (kJ/mol) 
𝐸𝐸𝑚𝑚
∗    mode of the site energy distribution curve (kJ/mol) 
Es   value of the adsorption energy corresponding to Ce = Cs (kJ/mol) 
F Statistic   a value obtained from an ANOVA test or a regression analysis to find out if the 
means between two populations are significantly different   
F(E)   site energy frequency distribution over a range of energies (dimensionless)  
F(E*)   site energy distribution over a range of energies (mg⋅mol/(g⋅kJ)) 
k   pseudo-second-order rate constant (g/(mg·h)) 
n   indicator of surface site heterogeneity of the adsorbent (dimensionless) 
p-value   a value used to determine the significance, a small p-value (typically ≤ 0.05) indicates 
the strong statistical significance  
P(E*)   percentage of adsorption site, the site energy of which are above E* 
qe   experimental equilibrium adsorption capacity (mg/g) 
qe,cal   equilibrium adsorption capacity obtained from the kinetic model (mg/g) 
qh(E,Ce)   energetically homogeneous isotherm (mol2/(g⋅kJ)) 
qm   maximum adsorption capacity (mg/g) 
qt   amount of adsorption at time t (mg/g) 
R   gas constant (8.314 J/(mol·K))  
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R2   coefficient of determination 
R-factor   the relative error of the crystallographic model fitting results to the experimental data 
T   temperature (K)  
X1   independent variable, H3PO4 impregnation concentration 
X2   independent variable, microwave radiation time 
Y   dependent variable, value of specific surface area 
Greek letters 
𝜎𝜎𝑒𝑒
∗   standard deviation, indicative of energetical heterogeneity of the adsorbent (kJ/mol) 
μ(E*)   weighted mean of site energy distribution, indicative of the strength of adsorption 
affinity (kJ/mol) 
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ABBREVIATIONS  
AAS   atomic absorption spectroscopy 
ANOVA   analysis of variation 
BET   Brunauer-Emmett-Teller  
BJH   Barrett-Joyner-Halenda  
CAS   conventional activated sludge 
EDA   electron-donor-acceptor 
EDTA   ethylenediaminetetraacetic acid disodium salt dihydrate 
EXAFS   extended X-ray absorption fine structure 
FQ   fluoroquinolone 
FTIR   Fourier transform infrared spectroscopy 
GAC granular activated carbon 
HPLC   high performance liquid chromatography 
IS   ionic strength 
LEV   levofloxacin 
MBR   membrane bioreactor 
MF   microfiltration 
MRA   multiple regression analysis 
NF   nanofiltration 
NOR   norfloxacin 
PAC   powdered activated carbon 
PBS   pretreated barley straw 
PZNC   point of zero net charge 
RBS   raw barley straw 
RMSE   root-mean-square error 
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RO   reverse osmosis 
RSM   response surface methodology 
RSS   residual sum of squares ((mg/g)2) 
SEM   scanning electron microscopy  
SRT   sludge retention time 
SS   sum of the squared deviations 
STXM   scanning transmission X-ray microscopy 
TGA   thermogravimetric analysis 
TOC   total organic carbon 
UF   ultrafiltration 
WWTP   wastewater treatment plant 
XANES   X-ray absorption near-edge structure  
XAS   X-ray absorption spectroscopy 
XRF   X-ray fluorescence 
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